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ABSTRACT 
 
Nutrient enrichment poses a threat to water quality and ecosystem biodiversity and 
function in the Laurentian Great Lakes. Excess nutrient levels have led to invasive hybrid cattail 
(Typha × glauca) dominance in many Great Lakes coastal wetlands. Typha × glauca has a high 
productivity rate compared to native wetland vegetation and can directly uptake and store 
substantial quantities of nutrients that contributes to its rapid expansion and dominance, resulting 
in shifts in plant community structure and decreased native plant diversity. Its ability to alter 
wetland structure and function has made Typha × glauca a target invasive species with respect to 
Great Lakes coastal wetland restoration. Harvesting (cutting and removing the biomass) has been 
shown to provide an effective invasive species management approach with multiple combined 
benefits through the physical removal of nutrients sequestered in the biomass, reducing invasive 
plant dominance, and recovering native plant diversity. 
This study investigated the effect of harvesting invasive T. × glauca biomass on nutrient 
removal and plant diversity recovery in Great Lakes coastal wetland ecosystems. I used large-
scale T. × glauca experimental harvest treatments at Cheboygan Marsh, MI, which included 
control, single harvest, double harvest, crush, and two-year below-water harvest treatments to 
quantify the amount of nutrients, specifically nitrogen and phosphorus (N and P), removed with 
each treatment and assessed the post-treatment effects on nutrient conditions and plant 
community responses. 
This study demonstrated that without considering external nutrient inputs and outputs, a 
single harvest at Cheboygan Marsh could remove ~2% of the total N and ~14% of the total P 
  
  xvi 
within the wetland. Harvesting T.	× glauca biomass had greater impact on P removal than N, but 
a longer timeframe and further harvesting efforts would be necessary to significantly detect 
changes in nutrient conditions and plant community composition resulting from harvesting. Plant 
diversity did not increase in any of the treatments, however higher water levels one year post-
treatment seemed to play an important role in driving plant community structure and 
composition. The fact that increased water level can stimulate the growth of Typha, each 
treatment likely had an impact on T. × glauca’s regrowth response post-treatment. 
The second portion of this study compared key differences between two Great Lakes 
coastal wetlands which differ greatly in degree of human impact, nutrient conditions, and plant 
composition. This provided insight into how these coastal wetlands can differ in vegetation and 
nutrient conditions and how anthropogenic disturbances can influence the vegetation community 
and nutrient conditions. Lastly, using what I learned from experimental Typha harvesting and 
integrating nutrient and plant community data from these two wetlands, I determined the likely 
response to Typha restoration harvesting in order to outline implications for management. 
Harvesting can provide multiple ecosystem benefits such as nutrient removal and plant diversity 
recovery, yet the outcomes may vary depending on the surrounding landscape, wetland 
characteristics, and environmental conditions.  
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CHAPTER ONE 
INTRODUCTION 
The Laurentian Great Lakes 
The Laurentian Great Lakes are a major aquatic ecosystem consisting of a variety of 
interconnected landscapes, streams, rivers, lakes, and wetlands all offering intrinsic values to the 
surrounding population and supporting a broad diversity of terrestrial and aquatic life (Minc and 
Albert, 1998; Albert, 2003). They border both Canada and the United States and are comprised 
of Lake Superior, Lake Michigan, Lake Huron, Lake Erie and Lake Ontario. Resulting from 
glacial advance and retreat, the Great Lakes cover a total surface area of 244,000 km2 and 
contain more than 20% of the earth’s available freshwater (Schwoch et al., 2006; Gronewold et 
al., 2013b) and 95% of the available freshwater in the United States (Abell et al., 2000).  
Natural fluctuating water levels occur throughout the Great Lakes basin over three 
temporal scales: short-term fluctuations due to winds, storm surges, and seiche activity (Minc, 
1997; Gronewold et al., 2013b); seasonal fluctuations, in which water levels are typically lower 
in spring and early summer and increase in late summer due to snowmelt and runoff, then 
decrease in fall due to decreased runoff and increased evaporation (Minc, 1997; USACE, 2017); 
and inter-annual fluctuations as a result of precipitation and evaporation and the lake and 
drainage basin characteristics (Minc, 1997).  
As a result of climate change, the hydrology and biological and chemical processes of the 
Great Lakes basin are changing (Gronewold et al., 2013b; USACE, 2017). Increasing air 
temperatures have led to warmer water temperatures, a decrease in annual ice cover (i.e., a 
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longer open water season) and increased evaporation, nutrient loading, and the arrival of more 
non-native species (Yousef et al., 2017). Changes in precipitation, land-use, and the construction 
of water control structures have influenced water levels in the Great Lakes (Johnston and Brown, 
2013). Recently, Lake Superior, Lake Michigan, and Lake Huron experienced record low water 
levels in 2012 and had increased by 2014, surpassing long-term average water levels, and have 
since remained above average (Gronewold et al., 2013a; USACE, 2017). The combined effects 
of these natural fluctuating water levels and anthropogenic disturbances over time have altered 
Great Lakes ecosystems, potentially leading to irreversible changes (Detenbeck et al., 1999; 
Galatowitsch et al., 2009).  
Great Lakes Coastal Wetlands 
Great Lakes coastal wetlands are biologically diverse ecosystems that provide habitat for 
many wildlife including fish (Albert, 2003; Parker et al., 2012; Watson et al., 2016), mammals, 
birds, amphibians (Hoagman, 1998; Detenbeck et al., 1999), and invertebrates (Uzarski et al., 
2009). Coastal wetlands are hydrologically connected to the Great Lakes (Hoagman, 1998) and 
thus, affected by the natural fluctuating water levels (Albert, 2003). Long-term fluctuations in 
water levels drive changes in habitat values and plant community structure (Hoagman, 1998; 
Wilcox and Nichols, 2008). These habitats consist of structurally diverse vegetation types that 
are facilitated and maintained by the naturally fluctuating water levels of the Great Lakes (Keddy 
and Reznicek, 1986; Wilcox, 2004; Wilcox and Nichols, 2008). While high water levels might 
reduce or eliminate plant communities (Wilcox, 2004), when the water levels again recede, the 
openings created by high water provide space for seeds to germinate, increasing plant diversity 
and species richness (Keddy and Reznicek, 1986). 
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Coastal wetlands tend to form where there is protection from wind and wave activity 
(Parker et al., 2012) and usually contain four distinct vegetation zones: a submergent marsh 
containing submerged and free-floating aquatic plants; an emergent zone with shallow water and 
vegetation above the water surface, which also may contain submerged and free-floating aquatic 
plants; a wet meadow zone containing the greatest diversity and periodically saturated soils; and 
a shrub swamp characterized by occasional standing water and dominated by woody species 
(Minc and Albert, 1998; Albert, 2003; Albert et al., 2005). Native plant communities play a vital 
role in the functional capacity of these coastal wetlands (Lougheed et al., 2001). Wetlands 
provide many ecosystem services such as water quality improvements, flood mitigation, and 
diverse habitat (Sierszen et al., 2012). 
Coastal wetlands are the transition zones between the Great Lakes and the terrestrial 
uplands and occur in the lower parts of the landscape (Minc and Albert, 1998). These highly 
productive environments slow the speed at which water moves off the land, reduce erosion, and 
provide a sink for sediment and nutrients (Lougheed et al., 2001). Wetlands naturally assimilate 
nutrients that pass through these systems in the sediment, aboveground and belowground plant 
tissue, and decaying plant matter, reducing the quantity of nutrients entering the Great Lakes 
(Sierszen et al., 2012). Wetlands are efficient in storing nutrients and studies have estimated that 
nutrient retention by coastal wetlands can reduce the amount of nutrient export to the Great 
Lakes by ~50% (Sierszen et al., 2012). 
Wetlands are also capable of nitrogen removal through denitrification where saturated 
soils and anoxic conditions occur (Mitsch and Gosselink, 2007). In saturated soils, most 
emergent wetland plants can transport oxygen down to their roots through aerenchyma tissue that 
forms air channels in the stems and roots (Hoagman, 1998). This oxygenated root zone allows 
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for greater nitrification and increased removal of nitrogen through denitrification (Reddy and 
D’Angelo, 1994; Kirk and Kronzucker, 2005; Alldred et al., 2016).	
Threats to Great Lakes Coastal Wetlands 
Approximately 70% of Great Lakes coastal wetlands have been lost due to anthropogenic 
disturbances (Detenbeck et al., 1999; Sierszen et al., 2012). There are about 300,000 acres of 
coastal wetlands remaining (Hoagman, 1998) that are threatened by further nutrient pollution, 
hydrologic alterations, fragmentation, and non-native invasive species (Uzarski et al., 2009). 
Occasional disturbances in wetlands allows them to maintain a healthy, diverse plant community 
(Tulbure and Johnston, 2010), but increasing frequency and intensity of these changes are 
causing deleterious effects, some of which may be irreversible (Zedler, 2000; Galatowitsch et al., 
2009).  
Changes in land-use and increased urbanization, agriculture, and forestry around the 
Great Lakes region have resulted in degradation and loss of these coastal systems (Albert, 2003; 
Albert and Minc, 2004). The southern Great Lakes region lies within the most highly developed 
area of agricultural and industrial activity (Schwoch et al., 2006), with decreasing impacts 
moving towards the less populated and less disturbed northern region (Hoagman, 1998; 
Detenbeck et al., 1999). Increased anthropogenic disturbances have contributed to increased 
nutrient levels, enriching these coastal wetlands (Albert and Minc, 2004; Trebitz and Taylor, 
2007; Uzarski et al., 2009), resulting in decreased habitat quality, water quality, biodiversity, and 






Nutrient Pollution in the Great Lakes 
Nutrient pollution, or eutrophication, resulting from land-use changes and ecosystem 
alteration is one of the greatest issues in the Great Lakes basin (Minc and Albert 1998; Hill et al., 
2006). Ecosystem biodiversity, health, and function of the Great Lakes and coastal wetlands are 
threatened by excess nutrients entering these systems (Detenbeck et al., 1999; Mayer et al., 
2016; Watson et al., 2016).  
Eutrophication of lakes has become an increasing concern in many freshwater 
ecosystems and scientific research has shown how excess nutrients can lead to detrimental 
effects in aquatic ecosystem function and overall water quality. Significant changes in the 
chemical, physical, and biological parameters in freshwater lakes such as Lake Erie (Watson et 
al., 2016) and Lake Winnipeg, a large lake located in central Canada (EC and MWS, 2011) have 
occurred. The evident decline in the quality of these lakes has been linked to increased nutrient 
enrichment due to anthropogenic disturbances. This nutrient enrichment has caused an 
overabundance of harmful algal blooms that can eventually deplete oxygen within the water 
column through decomposition, resulting in hypoxic zones (EC and MWS, 2011; Watson et al., 
2016) and impact municipal water by resulting in foul taste, odor, and sometimes toxicity (Mayer 
et al., 2016).  
Evidence of nutrient pollution and the current health of the Great Lakes provides an 
indication of how anthropogenic effects are negatively impacting these aquatic systems and 
water quality. An overabundance of nutrients can lead to nuisance algal blooms, changing the 
structure and function of the aquatic ecosystem. Excess nutrient levels in the Laurentian Great 
Lakes have also been linked to changes in plant community structure and composition 
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contributing to a loss of species diversity in coastal wetlands (Svengsouk and Mitsch, 2001; 
Lishawa et al., 2010).  
Invasive Plants in Great Lakes Coastal Wetlands 
Another major issue faced within Great Lakes coastal wetlands is the establishment and 
spread of non-native invasive plants. Invasive plants are capable of outcompeting other native 
plant species for resources such as nutrients, space, and light (Levine et al., 2003). They are 
considered to be one of the primary threats to the structure and function of wetlands (Abell et al., 
2000; Smith et al., 2015) and threaten over 330 native plant species in the Great Lakes region 
(Detenbeck et al., 1999). Increased nutrient levels due to anthropogenic disturbances (Albert and 
Minc, 2004; Uzarski et al., 2009) have led to shifts in plant communities and decreased plant 
diversity within Great Lakes coastal wetlands, contributing to the invasion by non-native 
invasive plants (Svengsouk and Mitsch, 2001; Tuchman et al., 2009; Lishawa et al., 2010).  
There are approximately 34 known aquatic invasive plants in the Great Lakes region 
(USGS, 2017). Specific invasive plants can function as indicators of wetland deterioration 
(Albert and Minc, 2004). Some of the most dominant and widespread invaders within the Great 
Lakes basin include: Phragmites australis (common reed), Phalaris arundinacea (reed canary 
grass), Lythrum salicaria (purple loosestrife), Myriophyllum spicatum (Eurasian watermilfoil), 
Potamogeton crispus (curly pondweed), Hydrocharis morsus-ranae (European frogbit), and 
Typha spp. (cattail) (Detenbeck et al.,1999; Albert and Minc, 2004; Trebitz and Taylor, 2007). 
The extent of these plant invasions affects the magnitude of ecosystem-level impacts both 
directly and indirectly, such as nutrient cycling and trophic interactions (Vitousek et al., 1996; 
Ehrenfeld, 2003). Invasive wetland plants directly alter the structure of the vegetation 
community by producing more biomass with different tissue chemistry, plant morphology, and 
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phenology than the native plants they outcompete (Ehrenfeld, 2003; Zedler, 2009). The slow 
decomposition and accumulation of the standing dead biomass (i.e., litter) releases nutrients back 
into the environment, thus altering nutrient levels (Davis and van der Valk, 1978; Ehrenfeld, 
2003; Mitsch and Gosselink, 2007). Invasive wetland plants can have indirect effects on such 
things as microorganisms, bacteria, invertebrates, and vertebrate animals (Zedler and Kercher, 
2004), as well as nutrient cycling by providing a carbon substrate for methanogenesis (Lawrence 
et al., 2017) and an aerobic environment in the root zone for nitrification and denitrification to 
occur (Reddy and D’Angelo, 1994; Findlay et al., 2003; Jankowski, 2006; Lishawa et al., 2014; 
Alldred et al., 2016). 
Wetlands tend to be especially susceptible to invasions due to their enclosed depressions 
and morphometric features that allow runoff and nutrients to accumulate within them (Minc and 
Albert, 1998). The increased rate of wetland fragmentation, degradation, and fluctuating water 
levels have led to newly exposed areas that are prone to the establishment, spread, and further 
impact of invasive plants (Uzarski et al., 2009; Tulbure and Johnston, 2010). Nutrient 
enrichment due to increased anthropogenic disturbances accelerates the establishment and rate of 
plant invasions (Keddy and Reznicek, 1986; Galatowitsch et al., 1999; Johnston and Brown, 
2013). 
Typha × glauca 
Great Lakes coastal wetlands have experienced a number of invasive plants over the last 
century (Galatowitsch et al., 1999) and one non-woody, vascular plant of particular concern is 
the invasive hybrid cattail – Typha × glauca (hereafter, Typha), a hybrid between the native 
broad-leaved cattail, T. latifolia, and the introduced narrow-leaved cattail, T. angustifolia (Smith, 
1987). Across North America, it is present in many wetlands and is considered to be the most 
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invasive Typha species (Galatowitsch et al., 1999; Zedler and Kercher, 2004; Bunbury-
Blanchette et al., 2015), because of its hybridization and ability to outcompete both parental 
species (Travis et al., 2010; Freeland et al., 2013). Typha is one of the most prevalent emergent 
aquatic invasive plants in the southern Great Lakes region (Hoagman, 1998; Travis et al., 2010). 
Typha outcompetes other plant species because of increased hybrid vigor (Smith, 1987; 
Ehrenfeld, 2003; Travis et al., 2010), productivity (Dubbe et al., 1988; Woo and Zedler, 2002; 
Bunbury-Blanchette et al., 2015; Elgersma et al., 2015), clonal expansion through its rhizomes 
(Hoagman, 1998; Frieswyk and Zedler, 2006), litter production and accumulation (Farrer and 
Goldberg, 2009; Larkin et al., 2012a), and broadening ecological tolerances (Galatowitsch et al., 
1999; Travis et al., 2010). These factors contribute to the invasiveness and mechanisms of Typha 
dominance.  
Typha primarily reproduces vegetatively through its rhizomes (Smith, 1987; Frieswyk 
and Zedler, 2006) and forms dense, monotypic stands (Galatowitsch et al., 1999, Woo and 
Zedler, 2002). It can reproduce by seed but more commonly spreads clonally through its roots 
and rhizomes at a rate of up to 4 m in clone diameter per year (Boers and Zedler, 2008). The high 
productivity of Typha compared to other wetland plants and the accumulation of its slowly 
decomposing litter is a driving factor leading to Typha dominance (Freyman, 2008; Farrer and 
Goldberg 2009; Vaccaro et al., 2009; Larkin et al., 2012a). Typha contributes to changes in plant 
community composition and decreased plant diversity by inhibiting the regrowth and 
germination of other native plants (Frieswyk and Zedler, 2006; Lishawa et al., 2010; Larkin et 
al., 2012a).  
Typha outcompetes native Great Lakes wetland plants when excess nutrients are present 
(Woo and Zedler, 2002; Ehrenfeld, 2003; Trebitz and Taylor, 2007; Larkin et al., 2012a). 
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Typha’s high productivity allows it to assimilate large quantities of nutrients in its above and 
belowground tissue (Woo and Zedler, 2002; Farrer and Goldberg, 2009; Larkin et al., 2012a) 
which contributes to its rapid expansion and accumulation of litter to facilitate its dominance 
(Freyman, 2008; Larkin et al., 2012a), resulting in changes in native plant communities and 
decreased plant diversity and richness (Svengsouk and Mitsch, 2001; Tuchman et al., 2009). The 
litter layer can also contribute to “internal eutrophication” through decomposition and leaching, 
resulting in elevated sediment nutrients (Davis and van der Valk, 1983; Boers and Zedler, 2008), 
further contributing to its dominance. Although the presence of Typha has been widely 
prominent in degraded, nutrient-rich environments, it has also been found to be the dominant 
plant in wetlands with relatively low nutrient levels (Boers et al., 2007).  
Fluctuating water levels and extended hydroperiods have also contributed to the 
establishment and dominance of Typha (Keddy and Reznicek, 1986; Hall and Zedler, 2010, 
Larkin et al, 2012a). During low water levels, exposed mudflats allow for the establishment and 
germination of Typha seedlings (Keddy and Reznicek, 1986). Established Typha stands can 
withstand stabilized water levels, which can promote further expansion, increasing its dominance 
(Boers and Zedler, 2008).  
Typha’s invasiveness has resulted in detrimental ecological effects within Great Lakes 
coastal wetlands. Its ability to invade high-quality, diverse wetlands within this region can 
contribute to alteration and degradation of wetland ecosystem structure and function (Freyman, 
2008; Farrer and Goldberg, 2009; Tuchman et al., 2009). Increasing anthropogenic disturbances, 
nutrient enrichment and changes in water level fluctuations will continue to threaten Great Lakes 
coastal wetland ecological integrity by promoting the establishment and spread of invasive 
plants, such as Typha (Keddy and Reznicek, 1986; Wilcox, 2004). 
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Great Lakes Coastal Wetland Restoration 
Invasive plants are one of the greatest concerns in the Great Lakes region and now 
threaten numerous native wetland plants and the overall diversity and function of these wetlands 
(Detenbeck et al., 1999). The increased rate and impact of invasions has led to significant 
consequences for the utilization, conservation, and restoration of these ecosystems for the plant 
and animal species and surrounding communities that rely on them (Smith et al., 2015).	General 
restoration goals to control for invasive plants in coastal wetlands should be established on a 
regional basis where sufficient data and knowledge of that particular ecosystem exist, such as 
anthropogenic disturbances, species distribution, hydrology, and history of the landscape 
(Detenbeck et al., 1999).	
Current restoration methods within the Great Lakes region and throughout North 
America used to control invasive plants include: water level management, herbiciding, burning, 
and mechanical disturbances (MDNR, 1994). These methods have been widely used and have 
shown to successfully reduce invasive plants and recover plant diversity, but often have to be 
combined with one another and come with associated costs that should be considered at the time 
of management (MDNR, 1994). For example, burning and herbiciding can reduce non-target 
plant species and release additional nutrients from leachate from plant material and the use of the 
herbicide, contributing to further eutrophication (MDNR, 1994; Findlay et al., 2003; Lawrence et 
al., 2016). Crushing (mechanical compaction of vegetation) and mowing (cutting and leaving the 
biomass) have shown to reduce invasive plant dominance, but the plants tend to recover without 
additional treatment and the remaining biomass leaches nutrients back into the environment 
(Uzarski et al., 2009; Osland et al., 2011; Lawrence et al., 2016). These methods have had 
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successful outcomes with respect to invasive species management, yet have only looked to 
reduce invasive plant dominance or recover native plant diversity. 
Alternatively, harvesting (cutting and removing the biomass) has been shown to provide 
an effective invasive species management approach with multiple combined benefits through the 
physical removal of nutrients sequestered in the biomass, reducing invasive plant dominance 
(Lawrence et al., 2016), and recovering native plant diversity (Lishawa et al., 2015). The 
physical removal of invasive plant biomass prevents the translocation of nutrients back to the 
rhizomes during senescence (Garver et al., 1988), reduces nutrients released through 
decomposition of the litter (Lishawa et al., 2015), and exposes the seedbank to help facilitate the 
germination and establishment of new native seedlings (van der Valk, 1986). In wetlands around 
Lake Winnipeg and in Europe, managers have also harvested invasive plants in regions where 
plant diversity recovery may not be a suitable management approach, but have utilized the 
nutrient-rich biomass for compost, building materials (Hansson et al., 2005), or as a bioenergy 
source (Grosshans et al., 2011; Grosshans et al., 2015). 
Studies on restoration approaches that include multiple benefits, such as harvesting for 
nutrient removal, decreased invasive plant dominance, and increased native plant diversity, are 
relatively scarce (Byers et al., 2002). Therefore, it is important for managers to consider an 
integrated restoration approach when it comes to future invasive species management. 
Harvesting invasive plants has the potential to offer multiple benefits to Great Lakes coastal 
wetlands and will contribute to invasive species management knowledge on a more broad-scale, 
ecosystem-based approach and address multiple impacts (Smith, 2015; Hackett et al., 2016).  
Previous Research 
The Tuchman Lab has conducted many studies in Typha-invaded mesocosms and in Lake 
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Huron Typha-invaded wetlands. These studies have investigated the effects of Typha on 
microbial communities (Angeloni et al., 2006), nutrient cycling (Jankowski, 2006; Vail, 2009; 
Castillo, 2011; Larkin et al., 2012b; Geddes et al., 2014; Lishawa et al., 2014; Lawrence et al., 
2017), litter accumulation (Freyman, 2008), mechanisms contributing to Typha dominance 
(Tuchman et al., 2009; Lishawa et al., 2010; Mitchell et al., 2011; Larkin et al., 2012a), the 
establishment and spread of Typha (Lishawa et al., 2013) as well as several management 
methods (Lishawa et al., 2015; Lawrence et al., 2016; Lishawa et al., 2017). 
A recent Typha management study (Lishawa et al., 2015) took place at Cheboygan 
Marsh, MI. Typha first appeared in this wetland in the late 1940’s and Typha monocultures now 
nearly dominate the entire wetland (Lishawa et al., 2013). Lishawa et al. (2015) evaluated plant 
community responses through several harvest restoration treatments: aboveground harvest, above 
and belowground harvest, and control. While the above and belowground harvesting of the roots 
and rhizomes eradicated Typha more effectively, aboveground harvesting alone successfully 
reduced Typha dominance, increased native plant diversity, and caused minimal disturbance to 
the sediments (Lishawa et al., 2015). Another study conducted by Lawrence et al. (2016) 
assessed effects of Typha management methods (herbicide, mow, harvest, and control) on 
porewater nutrient concentrations and regrowth response in Typha-invaded mesocosms. 
Harvesting resulted in the removal of an average of 17 g N/m2 and 3.7 g P/m2 per harvest 
(Lawrence et al., 2016). This study showed harvesting to be the most effective method for 
reducing Typha dominance and recovering plant diversity, while not increasing nutrient 
concentrations. 
In 2014, the Tuchman Lab established large-scale experimental plots at Cheboygan 
Marsh to test the effects of the mechanical harvesting on Typha dominance and plant community 
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composition. This project was supported by funding from the Great Lakes Restoration Initiative. 
The experimental restoration treatments included: control; crush (mechanical compaction of 
vegetation); single harvest (harvested once per year); double harvest (harvested twice per year); 
and a below-water harvest (harvested below the water surface with hand-held aquatic weed 
whackers once per year over two years). Five replicate plots of each treatment type were 
established, each containing five subplots to allow for spatial representation of the nutrient and 
vegetation parameters within a treatment plot. Treatments were implemented with the use of a 
low-impact Loglogic Softrak ‘Cut and Collect System’ amphibious wetland harvester. This 
replicated experimental design presented a unique opportunity to determine the quantities of 
nutrients removed through harvest restoration treatments and test the effects of harvesting on 
baseline nutrient conditions and plant diversity recovery. 
Objectives and Experimental Design 
Although nutrient removal through Typha harvesting would result in a net decrease of 
nutrients in the wetland ecosystem, studies to date have not yet quantified how the amount of 
nitrogen and phosphorus (N and P) being removed in the plant biomass and litter relates to the 
amount that is in the wetland sediments and porewater. Quantifying the amount of nutrients 
removed through Typha harvesting and relating it to the amount of nutrients remaining in 
sediments and porewater following harvesting will give us a better idea of the amount of 
harvesting necessary before there is a biologically relevant change in the wetland’s nutrient 
conditions. Nutrient removal through harvesting invasive Typha will potentially provide a 
restoration approach with multiple benefits by reducing nutrients released to the Great Lakes and 
recovering and maintaining wetland native plant diversity, thus contributing to improved wetland 
function and water quality. 
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The overall objective of my project is to investigate the effect of harvesting invasive 
Typha biomass on nutrient removal and plant diversity recovery in Great Lakes coastal wetland 
ecosystems. I sampled nutrient and vegetation parameters using the large-scale Typha 
experimental restoration treatments at Cheboygan Marsh. Sampling occurred in 2015 before 
treatment and again in 2016 to quantify the amount of N and P removed with each treatment and 
assess the post-treatment effects of each Typha treatment on nutrient and plant community 
responses.  
The second portion of my project quantifies key differences in nutrients and plant 
community composition between two Great Lakes coastal wetlands – Cedarville Bay and 
Mackinac Bay. Cedarville Bay and Mackinac Bay are located within the Les Cheneaux Islands 
with similar hydrology and geomorphology, but differ greatly in the degree of human impact, 
nutrient conditions and plant community composition. Mackinac Bay is a high-quality, un-
invaded coastal wetland with high plant diversity and Cedarville Bay is a low-quality, Typha-
invaded wetland, with low plant diversity and high nutrient inputs entering the bay from the 
surrounding landscape. 
In 2015, I established two transects at Cedarville Bay and Mackinac Bay in the emergent 
and wet meadow zones and sampled various nutrient and vegetation parameters to allow for a 
quantifiable comparison of wetland nutrients and plant community composition in high versus 
low-nutrient Great Lakes coastal wetlands. I re-sampled Cedarville Bay in 2016 to obtain more 
high-resolution nutrient and vegetation data and conducted an experiment to assess nutrient 
removal and Typha’s regrowth response after a double harvest treatment.    
Lastly, using what I learned from the experimental Typha harvesting study at Cheboygan 
Marsh and integrating nutrient and plant community data from Cedarville Bay and Mackinac 
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Bay, I tried to predict the likely response to Typha restoration harvesting to provide insight 
towards enhanced invasive species management. In order to address all of my objectives, I 
separated this study into the following chapters and research objectives: 
To partly address my overall objective, in Chapter Two I analyzed the effect of 
harvesting Typha	× glauca living biomass and litter on nutrient removal in a characteristic 
Typha-dominated Great Lakes coastal wetland, Cheboygan Marsh, by addressing the following 
research questions: 
1. What are the baseline N and P concentrations in the porewater, sediment, Typha living 
biomass and Typha litter of the wetland?   
2. What is the N and P removal potential after a single harvest of the aboveground Typha 
living biomass and litter in the entire wetland? 
3. What amount of bulk N and P are removed in the Typha living biomass and litter from 
the wetland with one harvest per year versus two harvests per year? 
4. Is there a change in the N and P content in the porewater and sediment after single 
harvest, double harvest and crush treatments? 
 
To address the second part of my overall objective, in Chapter Three I studied the effect 
of large-scale harvesting of Typha living biomass and litter on vegetation and plant diversity 
recovery in a characteristic Typha-dominated Great Lakes coastal wetland, Cheboygan Marsh, 
by addressing the following research questions:  
 
1. What are the changes in wetland plant community composition after single harvest, 
double harvest, and crush treatments in a Typha-dominated wetland? 
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2. What are the changes in Typha living biomass recovery after single harvest, double 
harvest, and crush treatments? 
3. What are the changes in wetland plant community composition after an annual below-
water harvest treatment over two years in a Typha-dominated wetland? 
 
In Chapter Four, I characterized and related key differences in plant community 
composition and nutrient conditions between a high-quality, low-nutrient wetland (Mackinac 
Bay), and a Typha-invaded, high-nutrient wetland (Cedarville Bay). I also identified and 
quantified the plant community composition and Typha dominance along a nutrient gradient at 
Cedarville Bay to determine if two harvests in one year can maximize nutrient removal. In order 
to address these objectives, I asked the following research questions: 
1. How do the vegetation and porewater and sediment nutrients compare between a high-
quality, high-diversity coastal wetland (Mackinac Bay) and a low-quality, low-diversity 
Typha-invaded coastal wetland (Cedarville Bay)? 
2. What is the relationship between the nutrient gradient, plant community composition, and 
Typha dominance at Cedarville Bay? 
3. What is Typha’s regrowth response and nutrient removal potential after a double harvest 
in a high-nutrient wetland (Cedarville Bay) and how do nutrient levels relate to its 
regrowth response? 
By integrating data from the experimental Typha harvesting study and Great Lakes 
coastal wetland nutrient and plant community data, in Chapter Five I provided a synthesis of 
likely ecosystem responses to Typha harvesting. To do so, I looked at differences in nutrient 
removal and Typha's regrowth response after two harvests between two wetlands. Understanding 
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general wetland characteristics from Great Lakes coastal wetland study sites and using what I 
learned from my previous work, I aimed to inform future invasive wetland species management 
decisions.  
Harvesting offers an alternative restoration method which can provide multiple 
ecosystem benefits through nutrient removal and plant diversity recovery. Understanding how 
invasive Typha harvesting will alter overall nutrient dynamics and plant community composition 
at a local scale could contribute to enhanced wetland functioning and water quality 
improvements throughout the Great Lakes region. This knowledge will help inform future 
wetland restoration and develop invasive species management practices for specific wetland 
ecosystems. 
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CHAPTER TWO 
EFFECT OF HARVESTING INVASIVE TYPHA × GLAUCA BIOMASS ON NUTRIENT 
REMOVAL IN A GREAT LAKES COASTAL WETLAND 
Introduction 
Laurentian Great Lakes coastal wetland ecosystems play an important role in the removal 
of nutrients (specifically nitrogen and phosphorus). These transition areas between the Great 
Lakes and the terrestrial upland are influenced by groundwater, streams, and rivers (Minc and 
Albert, 1998). Nutrients that flow into these systems can be sequestered in the plants and 
sediments (Mitsch and Gosselink, 2007), which prevents them from entering nearby waterbodies, 
contributing to eutrophication of the Great Lakes (Lougheed et al., 2001; Parker et al., 2012; 
Sierszen et al., 2012). 
Nutrient runoff and increased nutrient levels in Great Lakes coastal wetlands have 
resulted from extensive modern agricultural practices, urbanization, and land-use changes, 
(Albert and Minc, 2004; Uzarski et al., 2009). These anthropogenic disturbances have resulted in 
a loss of approximately 70% of the wetlands in this region (Detenbeck et al., 1999). The 
remaining wetlands are threatened by further nutrient pollution, hydrologic alterations, 
fragmentation, and non-native invasive species (Uzarski et al., 2009). Nutrient enrichment poses 
a threat to water quality and ecosystem biodiversity and function in the Great Lakes (Ehrenfeld, 
2003; Johnston and Brown, 2013). Excess nutrients have been linked to changes in plant 
community structure and composition within coastal wetlands, contributing to the invasion by 
non-native plants (Svengsouk and Mitsch, 2001; Lishawa et al., 2010) which are now a primary 
     
 
19 
threat to these coastal wetlands (Blossey, 1999; Abell et al., 2000; Smith et al., 2015). 
Invasive plant species often outcompete native wetland plant species when excess 
nutrients are present (Woo and Zedler, 2002; Tulbure et al., 2007; Larkin et al., 2012a) causing a 
shift in plant communities and decreased plant diversity (Tuchman et al., 2009). Invasive plants 
tend to be more productive than the native species they outcompete (Ehrenfeld, 2003; Zedler and 
Kercher, 2004). They can negatively impact wetland structure and function (Vitousek et al., 
1996) through changes in biogeochemical cycles, hydrological cycles, ecosystem services, and 
by impeding native plant species recruitment and reproduction (Blossey, 1999; Galatowitsch et 
al., 1999).  
My research focuses on one non-woody, vascular invasive plant species common to the 
Great Lakes region – Typha × glauca (hereafter, Typha), a hybrid between the native broad-
leaved cattail, T. latifolia, and the introduced narrow-leaved cattail, T. angustifolia (Smith, 
1987). Typha reproduces vegetatively through its rhizomes (Smith, 1987; Frieswyk and Zedler, 
2006) and forms dense, monotypic stands. Because of its high productivity rate compared to 
other wetland vegetation, the slow decomposition and accumulation of standing dead biomass 
(i.e., litter) are driving factors leading to the perpetuation of Typha dominance (Freyman, 2008; 
Farrer and Goldberg 2009; Vaccaro et al., 2009) and altered plant community composition 
(Larkin et al., 2012a).  
Typha has the ability to uptake and assimilate high concentrations of nutrients from the 
organic litter layer, sediment, and porewater (Smith et al., 1987; Mitsch and Gosselink, 2007; 
Grosshans et al., 2011; Larkin et al., 2012b). This aquatic macrophyte benefits when increased 
nutrients are present (Svengsouk and Mitsch, 2001), and its accumulation and persistence may 
drive changes to sediment nutrients (Tuchman et al., 2009). Boers et al. (2008) demonstrated 
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how Typha biomass increased by 23% with the addition of 2 g P/m2 compared to the control. 
Angeloni et al. (2006) showed a trend of high sediment nutrients associated with Typha-invaded 
zones compared to native zones.  
Harvesting (cutting and removing the biomass) offers an alternative invasive species 
management approach to more widespread methods commonly used such as burning, 
herbiciding, and mechanical disturbances which can all result in further deleterious effects 
(MDNR, 1994). As a result of Typha’s productivity and high nutrient uptake, the physical 
removal of the living/green Typha biomass will prevent the translocation of nutrients back to its 
rhizomes during senescence and the simultaneous removal of the litter will reduce nutrients 
released through decomposition. Herbiciding and burning target the entire plant community and 
release additional nutrients, potentially contributing to further eutrophication of the Great Lakes 
(MDNR, 1994; Findlay et al., 2003; Lawrence et al., 2016). Mechanical compaction (i.e., 
crushing/crimping) of vegetation controls invasive plants, but the remaining biomass leaches 
nutrients back into the environment (Sojda and Solberg, 1993; Osland et al., 2011; Trama et al., 
2009). Harvesting, in contrast, physically removes nutrients and reduces Typha dominance 
allowing space for the native plant community to recover (Mitsch and Gosselink, 2007; Lishawa 
et al., 2015, Lawrence et al., 2016). 
A recent Typha management study at Cheboygan Marsh, MI evaluated plant community 
responses through several harvest restoration treatments: aboveground harvest, above and 
belowground harvest, and control (Lishawa et al., 2015). While the above and belowground 
harvesting of the roots and rhizomes eradicated Typha more effectively, aboveground harvesting 
alone effectively reduced Typha dominance, increased native plant species diversity, and caused 
minimal disturbance to the sediments (Lishawa et al., 2015).  
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Another study conducted by Lawrence et al. (2016), assessed the effects of Typha 
management methods (herbicide, mow, harvest, and control) on porewater nutrient 
concentrations and regrowth response in Typha-invaded mesocosms. Harvesting proved to be the 
most effective method for reducing Typha dominance while not increasing porewater nutrient 
concentrations. Harvesting also resulted in the removal of an average of 17 g N/m2 (±1.7) and 
3.7 g P/m2 (±0.3) per harvest (Lawrence et al., 2016). Alternatively, herbiciding eliminated the 
entire plant community and increased porewater concentrations through the release of nutrients 
in the remaining plant material (Lawrence et al., 2016).  
Harvesting standing Typha living biomass and litter has been shown to decrease Typha 
dominance and stimulate native plant species recovery by exposing sediments to sunlight, 
promoting the germination of seeds that have persisted in wetland sediments (i.e., seedbank) 
(Lishawa et al., 2015; Lawrence et al., 2016). Although this removal will result in a net decrease 
of nutrients in the wetland ecosystem, studies to date have not yet quantified how the amount of 
N and P being removed in plant biomass relates to the amount that is in the wetland sediments 
and porewater. Studies generally look at aboveground processes relating to invasive plants 
(Levine et al., 2003). Determining the quantities of nutrients removed through harvesting 
aboveground plant biomass and the amount remaining in sediments following harvesting will 
give us a better idea of the amount of harvesting necessary before there is a biologically relevant 
change in the wetland’s nutrient dynamics and plant community composition. Understanding 
how the removal of nutrients in these coastal wetlands will alter overall nutrient dynamics at a 
local scale would have implications for nutrient management throughout the Great Lakes. 
Nutrient removal through harvesting invasive Typha will potentially provide multiple benefits by 
recovering and maintaining wetland native plant diversity and reducing nutrients released to the 
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Great Lakes, thus contributing to enhanced wetland functioning and overall water quality 
improvements. 
The primary objective of this project is to investigate the effect of harvesting invasive 
Typha biomass on nutrient removal and plant diversity recovery in a Great Lakes coastal wetland 
ecosystem. In this chapter, I analyze the effect of harvesting Typha living biomass and litter on 
nutrient removal in a characteristic Typha-dominated Great Lakes coastal wetland, Cheboygan 
Marsh, MI. I hypothesize that harvesting Typha once and/or twice per year will reduce the 
quantities of N and P in the wetland sediments and porewater through the removal of nutrients in 
the biomass and litter. However, sediment and porewater N and P within this wetland may not be 
significantly reduced until harvesting has been implemented over multiple years. My study aims 
to determine baseline quantities of nutrients in this wetland and the potential for nutrient removal 
and depletion in porewater and sediments through Typha harvest treatments. Here, I address the 
following research questions:  
 
1. What are the baseline N and P concentrations in the porewater, sediment, Typha living 
biomass and Typha litter of the wetland?   
2. What is the N and P removal potential after a single harvest of the aboveground Typha 
living biomass and litter in the entire wetland? 
3. What amount of bulk N and P are removed in the Typha living biomass and litter from 
the wetland with one harvest per year versus two harvests per year? 
4. Is there a change in the N and P content in the porewater and sediment after single 
harvest, double harvest and crush treatments? 
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Materials and Methods 
Study Site 
Cheboygan Marsh is located in Cheboygan County, Michigan, USA (45°39’29” N, 
84°28’47” E). It is a 23-ha lacustrine, open-embayment freshwater coastal wetland located along 
northern Lake Huron (Figure 1; Albert et al., 2005; Lishawa et al., 2013). Water levels are 
typically lower in spring and early summer and tend to increase in late summer and fall, which is 
characteristic of Great Lakes coastal wetlands (Minc and Albert, 1998). The west and east 
sections along with the protected south section of the wetland have a sand ridge which 
disconnects these areas from the open water of Lake Huron (Figure 2). The isolation of portions 
of the wetland complex from the open water can result in distinct hydrologic characteristics 
compared to one another and compared to the open, connected areas of the wetland (Minc and 
Albert, 1998; Albert et al., 2005). The east section of the marsh remains inundated throughout 
the year under average to high water levels and experiences short-term fluctuations from seiche 
activity. Cheboygan Marsh most likely experiences nutrient inputs due to the presence of an 
adjacent wastewater treatment plant (WWTP) (Figure 2) as well as local residential and 
agricultural runoff (Tuchman et al., 2009; Lishawa et al., 2010). 
Typha first appeared in the late 1940’s and Typha monocultures now nearly dominate the 
entire wetland (Lishawa et al., 2013). The wetland consists of three distinct vegetation zones: a 
small, remnant native emergent zone, which contains only native plant species; a transition zone, 
which contains native plant species and Typha; and a widespread Typha zone, dominated by a 
monotypic stand of Typha (Lishawa et al., 2014). The Typha zone presently covers more than 
90% of the wetland and comprises more than 99% of the aboveground biomass (Tuchman et al., 
2009).  




Figure 1. Location of Cheboygan Marsh in northern Michigan, USA. 
 
 
Figure 2. Sections of Cheboygan Marsh with respect to Lake Huron and locations of the sand 
ridges and WWTP. The Typha-invaded area is delineated in the yellow dashed line. 
Source: Esri, DigitalGlobe, GeoEye, Earthstar Geographics, CNES/Airbus DS, USDA, USGS, AEX,
Getmapping, Aerogrid, IGN, IGP, swisstopo, and the GIS User Community
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 To assess the potential for Typha harvesting to remove nutrients, I used the 20 large-
scale (60 × 60 m) experimental plots at Cheboygan Marsh established by the Tuchman Lab in 
2014. Plots were randomly assigned treatments in areas where Typha has been dominant for at 
least 30 years. The large-scale (3,600 m2) experimental restoration treatments include: control; 
crush (mechanical compaction of vegetation); single harvest (harvested once per year); and 
double harvest (harvested twice per year) (Figure 3). Although the crush treatment is not a 
method of nutrient removal, it is a widespread method in wetland restoration used to reduce 
Typha dominance and maintain plant diversity (Sojda and Solberg, 1993; Trama et al., 2009; 
Osland et al., 2011) and therefore was included in this study as a comparison treatment. Five 
replicate 60 × 60 m plots of each treatment were established. Each plot contained five 2 × 2 m 
subplots to allow for spatial representation of plant and nutrient parameters within a treatment 
plot (Figure 4). Sampling each subplot allowed for a statistically rigorous comparison of the N 
and P in the sediment, porewater, plant biomass, and between restoration treatments and within 
each treatment over time. 




Figure 3. Cheboygan Marsh 60 × 60 m experimental restoration plots (1 – 20) and randomly 
assigned treatment types: control, crush, single harvest, and double harvest in the Typha-




















Source: Esri, DigitalGlobe, GeoEye, Earthstar Geographics, CNES/Airbus DS, USDA, USGS, AEX,
Getmapping, Aerogrid, IGN, IGP, swisstopo, and the GIS User Community
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Figure 4. Layout of the five 2 × 2 m replicated subplots (A – E) sampled within each of the 60 × 
60 m treatment plots at Cheboygan Marsh. 
 
Treatments were implemented with a low-impact 2014 Loglogic Softrak ‘Cut and Collect 
System’ amphibious wetland harvester that can work in water depths up to 75 cm (Figure 5). It 
weighs ~400 kg with a swath width of 1.3 m and cuts 20 cm above the sediment or water surface 
and collects the harvested biomass into a rear 8 m3 bin. The rate of harvesting with the Softrak 
depends on vegetation density, terrain, water depth, and any obstacles that may be encountered.  
The harvestable Typha-invaded area of the wetland (12.2 ha) was defined as the area 
where Typha has persisted for more than 30 years and could be easily accessed and harvested by 
the Softrak harvester (Figure 3). The Softrak harvester was used to harvest the single and double 
harvest treatments and compact the vegetation in the crush treatments. Single harvest and crush 
treatments were implemented in July 2015 and 2016 (Figure 6). The first harvest for the double 
harvest occurred at the same time in July, followed by a second harvest in September in 2015 















Figure 5. The Softrak wetland harvester harvesting Typha at Cheboygan Marsh, MI. 
 
 




Living biomass and litter. In order to estimate the biomass, litter, and tissue N and P 
removal, I clipped living biomass and litter from within 0.25 m2 from each subplot. The living 
biomass and litter was clipped 20 cm above the sediment or water surface to mimic the height at 
which the Softrak harvester cuts. I collected pre-treatment samples before harvesting in July 
2015 (Figure 6). Before the second harvest in September 2015, I re-sampled living biomass from 
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the double harvest to estimate the amount of biomass and nutrients removed with the two 
harvests (Figure 6). I sampled again before harvesting the following year, in July 2016, to assess 
treatment effects on biomass and nutrient content one-year post-treatment (Figure 6). Litter was 
not sampled in 2016 because no standing litter remained in the treatment plots. Before the second 
harvest in September 2016, I re-sampled living biomass from the double harvest plots to capture 
the amount of biomass and nutrients removed in the second year (Figure 6). 
I obtained a wet-weight of each living biomass and litter sample separately in the field 
using a garbage bag and a tube scale. I placed a representative subsample in separate paper bags 
and recorded the subsample wet-weight. I brought the living biomass and litter subsamples back 
to the University of Michigan Biological Station (UMBS) lab where I placed them in a drying 
oven at 60 °C for at least 48 h before recording dry-weight. I calculated wet-weight to dry-
weight ratios of each subsample to later calculate removal potential. I finely chopped and 
homogenized each sample with hand-held clippers in preparation for further processing and 
analyses of %N and %P.  
At Loyola University Chicago (LUC), I chose a random representative subsample of the 
clipped material and ran it through a Wiley Mill (0.841 mm screen) to grind the material into a 
fine powder, prior to nutrient analysis. To calculate %P, I created a composite sample from equal 
amounts of the five subplot samples (A-E) from each plot. I analyzed living biomass and litter 
for total phosphorus concentration (µg/L PO4
3-) using acid persulfate autoclave digestion (Yokota 
et al., 2003) by adding 10 mL of acid persulfate solution to each tube containing approximately 
50 mg of tissue and placing the samples in an autoclave digester (130 °C at 20 PSI for 1 h). After 
autoclave digestion, I analyzed the digestate by a colorimetric assay on a Perstop Analytical 
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Environmental Flow Solution Flow Injection Analyzer (FIA) (Perstop, Wilsonville, OR). To 
calculate dry weight %P for each plot, I used the following equation:  
%P = µg PO4
3- L-1  x 0.010 L  x 
1,000,000 µg
1 g
 ÷ g sample  x 100% 
I analyzed each subplot living biomass and litter samples for %N at LUC using a 
FlashEA 1112 CHNS Elemental Analyzer. I put approximately 20 mg of living biomass or litter 
into a small tin cup and placed each sample in the autosampler for combustion. I averaged the 
five subplots (A-E) to obtain a plot average for living biomass or litter %N. I multiplied each 
dry-weight of living biomass or litter by %N or %P and scaled up to kg/ha to determine tissue N 
and P removal for each plot. With these N and P values, I also calculated living biomass and 
litter N:P ratios for each harvest in the single and double harvest treatments. 
Porewater. I collected porewater samples within each subplot in July 2015 before 
harvesting and again one-year post-treatment before harvesting in July 2016 (Figure 6). 
Porewater sampling tubes were constructed from PVC pipe (2 cm diameter) with four holes 
drilled in the bottom and attached a double layer of fiberglass mesh screen to the bottom to allow 
for water infiltration. I installed one sampling tube at the center of each subplot to a depth of 10 
cm for at least 48 h before sampling to allow for stabilization within the subplot. I used Tygon 
tubing and a syringe to slowly draw the porewater sample up from the bottom of the sampling 
tube. Each sample was transferred to a dry, acid-washed 50 mL polypropylene vial and kept in 
the dark and on ice until transported back to the UMBS lab. Upon returning to the lab, I 
immediately filtered each sample through a 0.45 µm filter and put the filtrate in the freezer until 
further analysis.  
Porewater analyses included nitrate-N (NO3-), ammonium-N (NH4+) and orthophosphate 
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(PO43-) (µg/L). Samples collected in 2015 were analyzed by the UMBS analytical lab using a 
SEAL 220 AutoAnalyzer 3 spectrophotometer (Bran + Leubbe). In 2016, I split each porewater 
sample after filtration and half were left with the UMBS lab which analyzed porewater NO3- and 
PO43- using the SEAL 220 AutoAnalyzer 3 spectrophotometer (Bran + Leubbe). Due to cost, I 
analyzed half of the 2016 porewater samples at LUC for NH4+ using a Perstop Analytical 
Environmental Flow Solution FIA (Perstop, Wilsonville, OR), while NO3- and PO43- were 
included as part of the analyses of another study.   
Sediment. I collected one sediment core within each subplot before harvesting in July 
2015 to determine baseline sediment %N and %P and again in July 2016 to assess treatment 
effects on sediment N and P one-year post-treatment (Figure 6). I positioned a steel sediment 
corer (5.08 cm diameter) over an undisturbed area and the coarse particulate organic matter 
directly above the sediment within the corer was clipped and included in the sample. I placed the 
corer directly over the sediment surface and hammered it into the sediment to a marked depth of 
20 cm. I included roots, rhizomes, and any remaining plant material at the sediment surface in 
the sample. I carefully extracted the core and measured the length. Soil compaction was 
accounted for by measuring the length of the sediment core within the corer and comparing that 
measurement next to the marked depth (20 cm) on the outside of the corer. The measured 
difference in core-to-sediment depth ranged between 4 – 6 cm. I determined the average 
compaction correction factor in the field to be 5 cm, which was added to each core length in 
order to calculate bulk density. 
If the mineral layer (clay/sand) was present in the core, I separated the core in the field 
through visual and textural assessment and determined the depth of the transition zone between 
the highly organic sediments and the mineral layer. I collected only the organic portion of the 
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core and disposed of the mineral layer in the field. The organic sediment is where the most plant-
available nutrients are tied up and differs in physical and chemical composition. Organic depth at 
Cheboygan Marsh is relatively deep, therefore very few cores had to be separated. I immediately 
stored the organic sediment cores on ice in a cooler and transported them back to the UMBS lab. 
I dried the sediment cores in aluminum trays in a drying oven at 60 °C for at least 48 h. I 
weighed the dried sediment core in order to calculate sediment bulk density and then 
homogenized it with clippers and a pestle. I ground a representative subsample (~20-30 mL) to a 
fine powder in a ball mill. The dried, ground sediment samples were stored in Ziploc bags in a 
cool, dark place for nutrient analyses.  
For the analysis of sediment %P, I created a composite sample from equal amounts of the 
five subplot samples (A-E) from each plot. The UMBS lab analyzed the 2015 sediment samples 
and I analyzed the 2016 sediment samples at LUC. To calculate %P, sediments were analyzed 
for total phosphorus concentration (µg/L PO43-) using dry combustion and acid persulfate 
autoclave digestion followed by a colorimetric assay (Yokota et al., 2003). Approximately 200 
mg of each composite sample was ignited at 550 °C for 6 h then 10 mL of acid persulfate 
solution was added to each tube and placed in the autoclave digester (130 °C at 20 PSI for 1 h). 
After autoclave digestion, the digestate was analyzed by a colorimetric assay on a FIA (Perstop, 
Wilsonville, OR). To calculate dry weight %P, I used the following equation:  
%P = µg PO4
3- L-1  x 0.010 L  x 
1,000,000 µg
1 g
 ÷ g sample  x 100% 
I analyzed each subplot sediment sample from 2015 and 2016 for %N at LUC using a 
FlashEA 1112 CHNS Elemental Analyzer. I put approximately 50 mg of each sediment sample 
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into a small tin cup and placed it in the autosampler for combustion. I averaged the five subplots 
(A-E) to obtain a plot average for sediment %N.  
I calculated the bulk density of each core by dividing the sediment dry-weight (g) by the 
sediment volume (cm3). Sediment nutrients within each plot were determined by multiplying 
bulk density (g/cm3) by %N or %P to estimate the nutrient content within the biologically active 
zone (top 20 cm) of the organic sediment layer.  
Plant Root Simulator (PRS) probes. I estimated nutrient supply rates in the sediment in 
the control and double harvest plots using PRS probes (Western Ag Innovations Inc., Saskatoon, 
Canada). PRS probes are 15 × 3 × 0.5 cm plastic stakes with a 10 cm2 resin membrane, which 
consist of separate cation and anion probes. They attract and adsorb a suite of plant-available 
cations and anions which include: NH4+, NO3-, PO43-, K+, S, Ca2+, Mg, Mn, Al3+, Fe2+, Cu, Zn, B, 
Cd and Pb. PRS probes are typically installed for one to four weeks because the exchange 
membrane eventually reaches a level of equilibrium dependent on the relative activity in the soil 
(Eric Bremer, Wester Ag. Innovations Inc., personal communication, May 5, 2017). PRS probes 
adsorb available nutrients from the porewater, but are influenced by burial time, ion exchange 
principles, and adsorption activity of other cations and anions in the sediment. These probes 
provide a temporally integrated representation of wetland sediment nutrient availability similar 
to that occurring at the sediment-root interface. 
Installing PRS probes for all 20 plots was cost-prohibited, therefore, I sampled the 
control and double harvest only. I chose the double harvest because this was where I expected to 
see the greatest change in nutrient supply rates. I installed the probes before the first harvest in 
July 2015 and after the second harvest in September 2015 to capture the pre-treatment and 
immediate post-treatment nutrient availability (Figure 6). I installed them again before harvesting 
     
 
34 
in July 2016 to assess nutrient supply rates one-year post-treatment and again after the second 
harvest in September 2016 to capture the within-year immediate post-treatment response (Figure 
6). I installed four replicate cation and anion probes at the center of each plot for two weeks at 
each sampling period. After two weeks, I removed the probes from the sediment and cleaned 
them thoroughly with deionized water. All four pairs of probes from each plot were combined 
into one Ziploc bag (i.e., one sample) and shipped to Western Ag. Innovations Inc. where they 
were analyzed. For the purpose of this study, I used the results for NO3-, NH4+ and PO43- to be 
consistent with other nutrient parameters analyzed throughout the experiment. Results are 
presented as the nutrient supply rate over the period of two weeks (µg/10 cm2/2 weeks).  
Water level. Water level data were taken at the same time biomass was collected in 2015 
and 2016 (Figure 6). The average of three water depth measurements within each subplot was 
recorded. The five subplots (A-E) were averaged to provide an estimate of the water depth within 
the plot and across the wetland for each year. 
Statistical Analysis 
I conducted an independent t-test to compare water levels between 2015 and 2016 in the 
east and west + south sections of the wetland (p≤0.05). I conducted separate two-way ANOVAs 
for double harvest living biomass and litter %N and %P with year × harvest time as the 
independent variables (p≤0.05). I conducted separate one-way ANOVAs for single harvest living 
biomass and litter %N and %P with year as the independent variable (p≤0.05). I conducted two, 
two-way ANOVAs for living biomass N:P ratios with treatment × biomass type (living vs. litter) 
and treatment × harvest time as the independent variables (p≤0.05).  
I used linear mixed-effects (LME) models for porewater nutrients using treatment × year 
as the fixed variables (p≤0.05). LME models account for fixed effects and combined random 
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effects within a single model (Winter, 2013). I used plot as the random variable to account for 
the random effects of plot location. I nested the subplots within a plot to look at the change in 
porewater at the subplot level over time to provide a better sense of the overall plot value. The 
random effects of subplots nested within a plot provide a more general sense of the variability 
among the larger set of levels (i.e., plots). I conducted a two-way ANOVA for sediment %N and 
%P, and PRS NO3-, NH4+ and PO43- supply rates with treatment × year as the independent 
variables (p≤0.05). The majority of the 2015 PRS NO3- supply rates fell below the detection limit 
(<2 µg/10 cm2/2 weeks). To allow for statistical comparison of these data, values that were 
below the detection limit were substituted with the detection limit value. Water level appeared to 
increase across the wetland between years, therefore, I conducted simple linear regression 
analysis to examine the relationship between nutrients with increasing water level in 2015 and 
2016 (p≤0.05). 
All statistical analyses were performed using R Version 3.3.2 (R Core Team, 2016). I 
used the “lme4” package to analyze LME models (Bates et al., 2015). If there was a significant 
factor or interaction (p≤0.05), a Tukey’s HSD post-hoc pairwise comparison was conducted. 
Data were log transformed or arcsine transformed when necessary to meet the assumptions of 
normality and homoscedasticity.  
Results 
Baseline N and P Nutrient Conditions of Cheboygan Marsh 
Baseline nutrient conditions at Cheboygan Marsh were calculated by averaging 2015 pre-
treatment data from all plots. Mean wetland porewater values (±SE) were 33.5 µg NO3-/L ±9.0, 
317.9 µg NH4+ /L ±46.1, and 30.8 µg PO43-/L ±6.5. Mean sediment nutrients (±SE) were 1.6 %N 
±0.08 and 0.02 %P ±0.001. Mean living biomass nutrients (±SE) were 1.3 %N ±0.1 and 0.1%P 
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±0.006 and mean litter nutrients (±SE) were 0.7 %N ±0.07 and 0.02 %P ±0.002. Baseline 
nutrient parameters are summarized in Table 1. 
 
Table 1. Summary of Cheboygan Marsh mean baseline nutrient parameters for porewater, 
sediment, living biomass and litter (n=20, ±SE). 
Porewater (µg/L) Mean ±SE 
NO3- 33.5 9.0 
NH4+ 317.9 46.1 
PO43- 30.8 6.5 
Sediment (%)   
N 1.6 0.08 
P 0.02 0.001 
Living Biomass (%)   
N 1.3 0.1 
P 0.1 0.006 
Litter (%)   
N 0.7 0.07 
P 0.02 0.002 
 
Nutrient Removal Potential after a Single Harvest 
Pre-treatment living biomass, litter, and sediment N and P were scaled up to the 
harvestable area of the wetland to determine nutrient removal potential. Total N removal (±SE) 
was estimated to be 1,086.8 kg N ±226.9 (89.1 kg N/ha). Of this total, living biomass accounted 
for 592.8 kg N ±97.8 (54.5% of total N removal) and litter accounted for 494.0 kg N ±129.1 
(45.5% of total N removal). Total P removal (±SE) was estimated to be 67.6 kg P ±7.2 (5.5 kg 
P/ha). Living biomass accounted for 54.8 kg P ±5.2 (81.1% of total P removal) of the total, and 
litter accounted for 12.8 kg P ±2.0 (18.9% of total P removal). 
Pre-treatment sediment N and P values were scaled up using the harvestable area of the 
wetland within the biologically active zone to capture the nutrient content within the depth 
sampled. Wetland-scale sediment (±SE) was estimated to contain 52,273.7 kg N ±3316.2 
(4,284.7 kg N/ha) and 504.6 kg P ±51.3 (41.4 kg P/ha). Proportionally, living biomass and litter 
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N represent approximately 2% of wetland sediment N and approximately 14% of wetland 
sediment P (Figure 7).  
 
 
Figure 7. Wetland-scale proportion of living biomass and litter N (left) and P (right) relative to 
sediment N (left) and P (right) in the top 20 cm of the harvested area at Cheboygan Marsh 
(n=20). 
 
Single Harvest vs. Double Harvest N and P Removal 
Water level increased across the entire wetland between 2015 and 2016 (Table 2), 
although an independent t-test showed no significant differences between 2015 and 2016 water 
level in the west + south (p=0.3822) or east sections (p=0.4513).   
 
Table 2. Average water levels in Cheboygan Marsh between 2015 and 2016 in the west + south 
and east sections of the wetland.  
Wetland Section 
2015 Average Water 
Level (cm) 
2016 Average Water 
Level (cm) 
West + South 2.63 4.38 
East 19.85 24.40 
 
Although initial living biomass between the single harvest and double harvest treatment 
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between the single harvest and double harvest treatments (Figure 8). Living biomass N:P ratios 
of all subsequent harvests in 2015 and 2016 were not significantly different from the pre-
treatment N:P ratio. Baseline litter in the single harvest plots had a significantly higher N:P ratio 
compared to its living biomass (p≤0.05) (Figure 8). Double harvest litter N:P was also higher 
than its corresponding living biomass, but was not statistically significant (Figure 8).  
 
 
Figure 8. Pre-treatment living biomass and litter N:P ratios for single harvest and double harvest 
(n=5, ±SE). Different lowercase letters denote statistical significance (p≤0.05). 
 
The amount of living biomass, litter, and N and P removed for the single harvest and 
double harvest at each harvest time is summarized in Table 3. Over the two field seasons, the 
total biomass (living biomass + litter) removed in the single harvest (i.e., one harvest per year for 
two years) was 12,510.2 kg/ha (Table 3). The average bulk N and P removed (±SE) in the single 
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Over the two field seasons, the total biomass removed in the double harvest (i.e., two harvests 
per year for two years) was 14,966.5 kg/ha (Table 3). The average bulk N and P removed (±SE) 
in the double harvest over the two field seasons was 166.4 kg N/ha ±54.4 and 13.5 kg P/ha ±3.4 
(Table 3). In the single harvest, the amount of N and P in the living biomass did not differ 
significantly between years (Figure 9-A). Double harvest N and P removed in the living biomass 
was significantly less (p≤0.05) in the second harvest of 2015 compared to all other harvests 
(Figure 9-B). 
 
Table 3. Summary of the biomass and N and P removal (kg/ha) estimates in the single and 
double harvest treatments for each harvest in 2015 and 2016 (n=5). 











Total N (kg/ha) Living Litter Living Living Living 
Single 73.6 59.7 - 133.3 42.0 - 42.0 175.3 
Double 41.2 48.2 9.3 98.7 37.2 30.5 67.7 166.4 
P (kg/ha) 
Single 5.3 1.0 - 6.3 4.2 - 4.2 10.5 
Double 4.3 1.4 0.7 6.4 3.9 3.2 7.1 13.5 
Biomass (kg/ha) 
Single 4182.6 5133.2 - 9,315.8 3194.4 - 3,194.4 12,510.2 
Double 3154.4 6524.6 453.8 10,132.8 2811.0 2022.7 4,833.7 14,966.5 
 




Figure 9. 2015 and 2016 living biomass and litter N and P removal (kg/ha) for A) single harvest 
and B) double harvest (n=5, ±SE). Different lowercase letters denote statistical significance for 
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Changes in Porewater and Sediment N and P  
There were no significant treatment effects in porewater nutrients. Porewater NO3- tended 
to be higher in pre-treatment 2015 samples than one-year post-treatment 2016, but the trend was 
not statistically significant (Figure 10-A; Tables 4 and 5). Porewater NO3- was not different 
within years compared to the control (Figure 10-A; Tables 4 and 5). There was a significant 
increase in porewater NH4+ across all treatments between pre-treatment 2015 and one-year post-
treatment 2016 (Figure 10-B; Tables 4 and 5). Porewater NH4+ was significantly higher in the 
control (p≤0.05), single harvest (p≤0.001), double harvest (p≤0.001), and crush treatment 
(p≤0.01) one-year post-treatment in 2016 compared to pre-treatment 2015 (Table 5). Higher 
water levels throughout the wetland in 2016 may explain this increase (Table 2). There were no 
significant differences between treatments and the control in porewater NH4+ within years 
(Figure 10-B; Tables 4). Similarly, there were no significant differences in porewater PO43- 
between pre-treatment 2015 and one-year post-treatment 2016 or within years compared to the 
control (Figure 10-C; Tables 4 and 5). 




Figure 10. Pre-treatment 2015 and one-year post-treatment 2016 porewater concentrations (µg/L) 
for A) NO3-, B) NH4+, and C) PO43- (n=5, ±SE). Different lowercase letters denote statistical 
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Table 4. Results of LME model assessing porewater nutrients between pre-treatment 2015 and 
one-year post-treatment 2016 by treatment × year.  
  
Porewater 
LME Fixed Effects     
Treatment Year Treatment × Year 
 F-value P-value F-value P-value F-value P-value 
NO3-  0.518 0.6764 0.0191 0.8902 0.0578 0.9817 
NH4+  0.238 0.8685 87.2240 *** 1.4020 0.2478 
PO43- 0.624 0.6096 7.5820 ** 0.9796 0.4063 
Significance Levels           
***' 0.001, '**' 0.01, '*' 0.05         
 
Table 5. LME Tukey’s post-hoc pairwise comparison of porewater nutrients between pre-









Crush 2015:   
Crush 2016 
  P-value P-value P-value P-value 
NO3-  1.0000 1.0000 1.0000 1.0000 
NH4+  * *** *** ** 
PO43- 0.4225 1.0000 0.2670 0.9848 
Significance Levels       
***' 0.001, '**' 0.01, '*' 0.05   
 
Sediment %N tended to be higher across all treatments in pre-treatment 2015 compared 
to one-year post-treatment 2016, but the trend was not statistically significant (Figure 11; Table 
6). Sediment %P was higher across all treatments one-year post-treatment 2016, although they 
were not statistically significant (Figure 12; Table 7). Sediment %N and %P were not 
statistically different within years compared to the control (Figures 11 and 12; Tables 6 and 7). 




Figure 11. Sediment N (%) pre-treatment 2015 and one-year post-treatment 2016 (n=5, ±SE). 
Different lowercase letters denote statistical significance (p≤0.05). 
 
 
Figure 12. Sediment P (%) pre-treatment 2015 and one-year post-treatment 2016 (n=5, ±SE). 
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Table 6. Results of two-way ANOVA assessing sediment N for pre-treatment 2015 and one-year 
post-treatment 2016 by treatment × year (n=5). 
Sediment N df SS MS F-value P-value 
Year 1 3.11E-03 3.11E-03 10.325 ** 
Treatment 3 2.02E-03 6.73E-04 2.230 0.1037 
Treatment×Year 3 4.38E-04 1.46E-04 0.484 0.6957 
Residuals 32 9.65E-03 3.02E-04   
Significance Levels           
***' 0.001, '**' 0.01, '*' 0.05 
 
Table 7. Results of two-way ANOVA assessing sediment P for pre-treatment 2015 and one-year 
post-treatment 2016 by treatment × year (n=5). 
Sediment P df SS MS F-value P-value 
Year 1 4.00E-06 4.00E-06 0.309 0.5820 
Treatment 3 8.96E-05 2.99E-05 2.311 0.0949 
Treatment×Year 3 2.40E-06 8.14E-07 0.063 0.9790 
Residuals 32 4.13E-04 1.29E-05   
Significance Levels           
***' 0.001, '**' 0.01, '*' 0.05 
 
Control and double harvest PRS nutrient supply rates for each sampling period in 2015 
and 2016 are shown in Table 8. There was a significant increase in PRS NO3- supply rate 
between pre-treatment 2015 and one-year post treatment 2016 in both the control and double 
harvest plots (p≤0.001) (Figure 13-A; Table 9). NO3- remained relatively high throughout 2016 
in both the double harvest and control plots (Table 8). The 2016 PRS NO3- supply rate was also 
significantly higher than the 2015 for both the double harvest and control plots (p≤0.001). There 
were no significant differences in PRS NH4+ (Figure 13-B; Table 9) or in PRS PO43- supply rate 
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Table 8. Average PRS nutrient supply rates for control and double harvest treatments for NO3-, 
NH4+, and PO43- (µg/10 cm2/2 weeks) in 2015 and 2016 (n=5, ±SE). 
		 2015 2016 
Control  
(µg/10 cm2/2 weeks) Early July 
Mid-
September Early July 
Mid-
September 
NO3- supply rate 0.58 ±0.12 0.94 ±0.39 26.80 ±5.22 19.87 ±3.34 
NH4+ supply rate 7.57 ±0.81 5.02 ±1.05 6.24 ±1.58 8.14 ±0.88 
PO43- supply rate 3.28 ±0.67 3.42 ±1.39 3.36 ±1.39 2.04 ±0.12 
Double Harvest  
(µg/10 cm2/2 weeks)         
NO3- supply rate 1.24 ±0.72 0.87 ±0.32 22.92 ±5.05 12.69 ±2.66 
NH4+ supply rate 6.97 ±1.33 2.67 ±0.84 5.30 ±1.03 5.16 ±0.20 
PO43- supply rate 2.52 ±0.33 3.78 ±1.28 1.6 ±0.21 4.23 ±2.01 
 




Figure 13. PRS nutrient supply rates between pre-treatment 2015 and one-year post treatment for 
control and double harvest treatments (µg/10 cm2/2 weeks) for A) NO3-, B) NH4+, and C) PO43- 
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Table 9. Results of two-way ANOVA assessing PRS pre-treatment 2015 and one-year post-
treatment 2016 for control and double harvest treatments by treatment × year for NO3-, NH4+, 
and PO43- and subsequent Tukey’s post-hoc comparison results (n=5). 
PRS NO3- df SS MS F-value P-value 
Year 1 5.230 5.230 180.558 *** 
Treatment 1 0.001 0.001 0.028 0.869 
Treatment×Year 1 0.028 0.028 0.974 0.338 
Residuals 16 0.463 0.029   
    Mean 
Difference 
95% Confidence Interval  
Post-Hoc Comparisons   Lower Upper P-value 
control 2016 – control 2015  1.098 0.790 1.406 *** 
double 2016 – double 2015   0.948 0.640 1.256 *** 
PRS NH4+ df SS MS F-value P-value 
Year 1 12.17 12.168 1.641 0.218 
Treatment 1 3.20 3.200 0.432 0.521 
Treatment×Year 1 0.20 0.200 0.027 0.872 
Residuals 16 118.64 7.415   
PRS PO43- df SS MS F-value P-value 
Year 1 0.0785 0.0785 1.382 0.257 
Treatment 1 0.1136 0.1136 2.000 0.176 
Treatment×Year 1 0.0233 0.0233 0.411 0.531 
Residuals 16 0.9085 0.0568   
Significance Levels           
***' 0.001, '**' 0.01, '*' 0.05      
 
 In 2015, there was a significant decrease in sediment %P (p≤0.05) with increasing water 
level (Table 10). In 2016, I found a significant increase in PRS nutrient supply rate for NO3- 
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Table 10. Results of simple linear regression analysis assessing Cheboygan Marsh 2015 nutrients 
with increasing water level and associated significant relationships (+/-). 
 
df 
      
Sediment N (%) Estimate Std. Error R2 F-value P-value +/- 
Intercept 1 1.7500 0.1050     
Water Level 18 -0.0078 0.0057 0.0952 1.8940 0.1856  
Sediment P (%) 
Intercept 1 1.83E-02 1.74E-03     
Water Level 18 -2.26E-04 9.37E-05 0.2448 5.8340 * - 
Porewater NO3- (µg/L) 
Intercept 1 1.3486 0.1529     
Water Level 18 -0.0054 0.0083 0.0234 0.4307 0.5200  
Porewater NH4+ (µg/L) 
Intercept 1 2.4912 0.0772     
Water Level 18 -0.0047 0.0042 0.0655 1.2610 0.2761  
Porewater PO43- (µg/L) 
Intercept 1 1.3819 0.1186     
Water Level 18 -0.0039 0.0064 0.0171 0.3135 0.5824  
PRS NO3- (µg/10 cm2/2 weeks) 
Intercept 1 -0.1130 0.1538     
Water Level 8 -0.0064 0.0073 0.0875 0.7671 0.4066  
PRS NH4+ (µg/10 cm2/2 weeks) 
Intercept 1 7.7901 1.0499     
Water Level 8 -0.03671 0.0498 0.0635 0.5428 0.4823  
PRS PO43- (µg/10 cm2/2 weeks) 
Intercept 1 2.7446 0.5390     
Water Level 8 0.0108 0.0256 0.0216 0.1770 0.6851  
Significance Levels       
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Table 11. Results of simple linear regression analysis assessing Cheboygan Marsh 2016 nutrients 
with increasing water level and associated significant relationships (+/-). 
 
df 
      
Sediment N (%) Estimate Std. Error R2 F-value P-value +/- 
Intercept 1 1.3371 0.1400     
Water Level 18 -0.0051 0.0062 0.0354 0.6597 0.4273  
Sediment P (%) 
Intercept 1 0.0213 0.0035     
Water Level 18 -0.0002 0.0002 0.0839 1.6490 0.2154  
Porewater NO3- (µg/L) 
Intercept 1 1.1338 0.0739     
Water Level 18 -0.0052 0.0033 0.1222 2.5050 0.1309  
Porewater NH4+ (µg/L) 
Intercept 1 610.0920 91.2480     
Water Level 18 3.6210 4.0670 0.0422 0.7927 0.3850  
Porewater PO43- (µg/L) 
Intercept 1 1.4847 0.1446     
Water Level 18 -0.0126 0.0064 0.1750 3.8180 0.0664  
PRS NO3- (µg/10 cm2/2 weeks) 
Intercept 1 15.9836 3.4457     
Water Level 8 0.4593 0.1302 0.6087 12.4500 ** + 
PRS NH4+ (µg/10 cm2/2 weeks) 
Intercept 1 4.8914 1.3620     
Water Level 8 0.0412 0.0515 0.0742 0.6407 0.4466  
PRS PO43- (µg/10 cm2/2 weeks) 
Intercept 1 0.6570 0.7474     
Water Level 8 0.0929 0.0282 0.5748 10.8100 * + 
Significance Levels       
‘***’ 0.001, ‘**’ 0.01, ‘*’ 0.05 
 
Discussion 
Baseline N and P Nutrient Conditions of Cheboygan Marsh 
Cheboygan Marsh is a relatively nutrient-rich Great Lakes coastal wetland, evident by the 
baseline nutrient data, and receives nutrient inputs from the surrounding landscape. Sediment and 
porewater nutrients can also be significantly impacted by water level fluctuations (Steinman et 
al., 2012). Any short-term water level fluctuations due to changes in weather patterns, seiches, or 
groundwater inputs may have a temporary effect on these nutrient conditions in wetlands 
(Wilcox, 2004). Porewater levels were extremely variable across the wetland and I found 
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wetland-scale porewater NO3- to be less than NH4+, which is typical in these saturated, low redox 
systems (Lishawa et al., 2014). There tends to be less nitrification and more denitrification where 
saturated soils and anoxic conditions occur. Plants get most of their N from the sediment 
porewater and NO3- is more readily taken up by vegetation than NH4+ (Reddy and D’Angelo, 
1997).  
Typha outperforms native plants in both productivity and nutrient uptake efficiency, 
specifically it’s uptake and retention of N (Larkin et al., 2012b). Over time, the accumulation 
and decomposition of Typha litter drives increased sediment nutrient content via decomposition 
and mineralization (Angeloni et al., 2006; Jankowski, 2006; Farrer and Goldberg, 2009; 
Tuchman et al., 2009; Castillo, 2011; Farrer and Goldberg, 2014). This contributes to a change in 
overall sediment chemistry, increasing sediment N and thus increased nitrification and 
denitrification rates, but nitrification to a lesser extent. (Geddes et al., 2014; Lishawa et al., 
2014). Deep, organic, nutrient-rich sediments at Cheboygan Marsh are likely associated with this 
“internal eutrophication” (Boers and Zedler, 2008), which could be attributed to higher sediment 
nutrients and further contribute to the dominant presence of Typha (Lishawa et al., 2010; 
Mitchell et al., 2011; Lishawa et al., 2014).  
Litter can also contribute to a substantial portion of the N pool. There was a greater 
fraction of litter N (52%) than P (16%) compared to the living Typha biomass, suggesting either 
greater retention of N than P in the senescing plant tissue or that P is released more quickly than 
N from decomposing litter. N leaches as well, but the microbial biomass colonizing the litter can 
contribute to the N pool, thus resulting in high levels of N on the remaining Typha litter (Reddy 
and D’Angelo, 1997; Freyman, 2008). More P than N is translocated and stored in the rhizomes 
(Davis and van der Valk, 1983), resulting in less P in the senescing aboveground biomass.  
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Nutrient Removal Potential after a Single Harvest 
A single harvest of Typha living biomass and litter at Cheboygan Marsh would have a 
greater impact on total ecosystem P than N. Without considering external sources of input or 
export to or from the wetland, a single harvest could hypothetically deplete approximately 2% of 
the N and 14% of the P within the wetland sediments. Because P is either assimilated in the plant 
tissue or sediment or lost through leaching and erosion (i.e., not lost through denitrification or 
fixed through N-fixation), it is easier to attain an estimate of the removal of P compared to N.  
Most of the N and P was in the living biomass, but 45.5% of the amount of the total N 
was in the litter. Because litter accumulates for ~10 years before it completely decomposes, the 
amount of litter harvested after a single harvest was greater than the total amount of living 
biomass harvested. Again, greater N removal in the litter could be attributed to the quick 
leaching of soluble P and the microbial biomass contributing considerably to the litter N pool 
(Davis and van der Valk, 1983; Reddy and D’Angelo, 1997; Freyman, 2008). Standing Typha 
litter can take approximately 10 years to decompose (Freyman, 2008), therefore, a single harvest 
would remove roughly 10 years of litter and only one year of living growth. Sediment and litter 
%P had lower values compared to the living biomass, but were similar to one another. Typha 
litter likely contributes the majority of its P through leaching and decomposition into the 
sediment P pool at Cheboygan Marsh. 
Nutrient removal efficiency from wetlands by harvesting Typha can be amplified by the 
timing of the harvest (Davis and van der Valk, 1983; Dubbe et al., 1988). Early in the summer, 
Typha translocates ~75 – 80% of the N and P sequestered in the rhizomes up to living shoots for 
growth and reproduction (Garver et al., 1988). Maximum nutrient storage in the living biomass 
occurs mid-summer before Typha has reached its peak growth and begins to senesce and 
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translocate nutrients back to its belowground rhizomes (Davis and van der Valk, 1983; 
Grosshans et al., 2011). Harvesting during this phase would remove the most nutrients, but may 
suppress Typha’s regrowth the following year by preventing the translocation of aboveground 
nutrients to rhizomes (Mitsch and Gosselink, 2007; Grosshans et al., 2011). Harvesting new 
growth in early spring or in late summer/early fall may achieve similar N and P removal, but not 
impact Typha’s regrowth because it will still be able to allocate nutrient stores for new growth 
(Grosshans et al., 2011). This scenario would allow for more frequent harvests, as sufficient 
regrowth would allow for subsequent harvests to maximize nutrient removal.  
Single Harvest vs. Double Harvest N and P Removal 
Overall, a double harvest would remove more biomass and nutrients compared to a single 
harvest. However, nutrient removal efficiency differed between years. Higher water levels 
throughout the wetland in 2016, even in areas which typically have dry to moist sediments (west 
and south sections), likely contributed to these differences. High water levels in 2016 likely 
stimulated Typha growth, leading to similar living biomass and N and P removal in both harvests 
of the double harvest treatment. Constant inundation can promote the growth and expansion of 
Typha (Boers et al., 2007; Boers and Zedler, 2008) and reduce stress on the plant (Sojda and 
Solberg, 1993). A second harvest in 2015 removed an additional 14% of biomass compared to 
72% in 2016. This resulted in substantially more N and P removal in 2016 in the double harvest 
compared to the single harvest treatments. Sparse Typha regrowth followed the first harvest in 
2015 with about 1-10 stems/m2 compared to regrowth in 2016 with about 30 – 40 stems/m2 
(Figure 14). Typha’s response to harvesting in 2015 suggests that harvesting could have a 
negative impact on regrowth, especially during low water years. Therefore, in low water years, a 
double harvest may not be the best treatment due to the small biomass and nutrient yield in the 
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second harvest. In 2016, a double harvest was more practical and effective at removing nutrients, 
whereas a single harvest would have been more efficient in 2015.  
 
 
Figure 14. Typha regrowth approximately one month after harvest in 2015 in plot 12 (left) and in 
2016 in adjacent plot 9 (right). Both pictures were taken in mid-August. 
 
Although the living biomass N:P ratio did not change between harvests, hydrology and 
timing of the harvesting could greatly affect the living biomass nutrient removal (Svengsouk and 
Mitsch, 2001; Anderson and Mitsch, 2005; Mitsch and Gosselink, 2007). Davis and van der Valk 
(1978) found Typha litter to have a net release of 71 kg N/ha and 10 kg P/ha while other studies 
have shown values as high as 200 kg N/ha (Freyman, 2008). High litter N led to greater N:P ratio 
and accounted for ~45 – 54% of the total N removal and only ~16 – 25% of the total P removal.  
The combination of the nutrient-rich living biomass and the accumulated litter layer 
removed a considerable amount of biomass, N, and P in the first harvest. Harvesting took place 
in mid-July, which captured Typha’s maximum nutrient storage phase, and reduced Typha 
regrowth was evident the following year in both the single harvest and double harvest. 
Harvesting Typha spp. has been shown to reduce aboveground biomass and litter by: depleting 
the nutrients translocated back to rhizomes (Garver et al., 1988; Hall and Zedler, 2010); 
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preventing the oxidation of the rhizosphere; contributing to rhizome mortality (Jordan and 
Whigham, 1988); and reducing the amount of litter, therefore reducing nutrient accumulation in 
the organic layer (Grosshans et al., 2011).  
Harvesting Typha has shown to remove considerable quantities of N and P, but other 
ecological factors may have to be considered at the time of restoration to determine whether a 
single or double harvest treatment should be implemented. The double harvest would be the best 
method of maximum nutrient removal while successive annual single harvests are less time-
consuming, more cost-effective and still capable of removing substantial amounts of N and P. 
Interpreting data collected in harvest treatment plots will allow us to determine which treatments 
are most effective for nutrient removal at Cheboygan Marsh. 
Changes in Porewater and Sediment N and P  
There were no treatment effects evident in the porewater, sediment, or PRS nutrient 
supply rates, but differences in nutrients between years seemed to be attributed increased water 
level in 2016. High water could lead to greater anaerobic conditions persisting in the wetland, 
resulting in increased rates of denitrification and loss of N from the existing N pool (Baldwin and 
Mitchell, 2000; Anderson and Mitsch, 2005).	Porewater NO3- and sediment %N tended to 
decrease across all treatments between years, which could be attributed to enhanced uptake by 
vegetation and loss of NO3- through denitrification in the anaerobic zone of these inundated 
sediments. 	
On the other hand, porewater NH4+ increased across all treatments in 2016 and the 
removal of biomass could decrease photosynthetic oxygen transported to the rhizosphere, 
inhibiting nitrification and allowing NH4+ to accumulate in the porewater. An increase in 
porewater NH4+ after the removal of Phragmites australis has been noted in other studies due to 
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the decomposition of belowground biomass and litter combined with lower N uptake by plants 
(Findlay et al., 2003; Alldred et al., 2016). Enhanced decomposition and mineralization rates of 
belowground biomass and litter due to high water can also contribute to a short-term nutrient 
increase (Farrer and Goldberg, 2009), which could affect N pools within the wetland 
immediately following harvesting. 
Porewater PO43- and sediment %P data did not show any consistent trends associated 
with treatments. P transformations in wetlands are biotically and abiotically controlled. Abiotic 
factors controlling the fate of P include chemical precipitation, sedimentation, sorption, and 
exchange reactions (Reddy and D’Angelo, 1994; Reddy et al., 1999). Oxidation-reduction 
potential influences these reactions which are mainly controlled by biological activity such as 
vegetation uptake and release, photosynthesis, respiration, and microbial uptake and 
decomposition (Reddy and D’Angelo, 1994; Grace et al., 2008). 
PRS nutrient supply rates and porewater results in this study tend to show conflicting 
results. For instance, porewater NO3- slightly decreased and NH4+ increased between years while 
PRS nutrient supply rates for NO3- increased and NH4+ somewhat decreased between years. It is 
difficult to compare between these two nutrient sampling techniques. Porewater can deviate due 
to temporal variation, whereas PRS probes adsorb available nutrients from the porewater and are 
influenced by burial time and ion exchange properties. PRS supply rates also depend on the 
adsorption activity of other cations and anions in the sediments. Both sampling techniques 
allowed for interesting interpretation of spatial and temporal wetland nutrient dynamics. The 
increase in PRS NO3- supply rate across all treatments in 2016 was correlated with increasing 
water level and could be due to flooding of previously dry sediments, contributing to an initial 
release of available nutrients (Baldwin and Mitchell, 2000; Duhamel et al., 2017). An increase in 
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available NO3- can also occur from decomposition of dead bacteria when sediments become re-
wetted (Baldwin et al., 2005). The slight decrease in PRS PO43- supply rate in the double harvest 
in 2016 may be a treatment effect.  
Although there were no treatment effects evident over the duration of this study, it is 
likely that the crush treatment would result in increased nutrient levels. Crushing does not 
remove nutrients, but can accelerate leaching of nutrients from damaged plants, causing short-
term fertilization. The crush treatment did not, however, show an increase in sediment or 
porewater nutrients, nor a different trend compared to the other treatments.  
Higher water levels in 2016 could accelerate fragmentation, decomposition, and 
mineralization of belowground tissue and remaining un-harvested plant material and litter, 
further releasing nutrients into the wetland (Farrer and Goldberg, 2009; Steinman et al., 2012). 
Enhanced decomposition and nutrient transformation by disturbing wetland sediments through 
harvesting and crushing could be triggering an increase in nutrients. An abundance of algae was 
present throughout Cheboygan Marsh where standing water persisted in 2016, which could also 
be a response to harvesting and contributing to variations in wetland nutrient cycling.  
Although there were no treatment responses evident in wetland N and P concentrations, 
the high degree of heterogeneity across the wetland complicates the interpretation of these 
results. Harvesting Typha biomass and litter has been shown to provide many advantages to 
wetland ecosystems such as reduced litter accumulation and the removal of N and P. Further 
treatment and a longer-term management approach in Cheboygan Marsh are expected to reduce 
nutrients over time.  
 
 




This study demonstrated that a single harvest at Cheboygan Marsh could remove ~2% of 
the total N and ~14% of the total P within the wetland. This study did not, however, consider 
external nutrient inputs and outputs, which could have important effects in the wetland’s nutrient 
budget. Repeated harvests over a decade could impact the amount of P removal more than N, 
creating P-limited conditions and reducing nutrient loading to the adjacent Great Lakes. 
Increased water level in 2016 played a major role in nutrient removal efficiency. Of the 
living biomass removed, a second harvest in 2015 removed ~23% of additional N and ~ 16 % of 
additional P and a second harvest in 2016 removed ~82% of additional N and ~82% of additional 
P. Typha’s regrowth response to harvesting in 2015 suggested that timing of harvesting could 
have a negative impact on regrowth in drier conditions. Harvesting once or twice per year would 
have to be considered at the time of restoration to determine the most efficient and effective 
method for nutrient removal. Environmental factors, such as water level, and timing and 
frequency of harvesting may influence Typha management decisions in determining nutrient 
removal efficiency.  
Detecting changes in wetland nutrient conditions resulting from management treatments 
of invasive Typha was difficult over the short-term duration of this study. Differences in 
nutrients overwhelmed treatment effects, most likely resulting from between year water level 
change. Porewater and sediment N and P may not have been measurably reduced by harvesting 
because a longer timeframe and further harvesting efforts would be necessary to significantly 
reduce the nutrient content of this wetland. Many of these nutrient processes are difficult to 
measure and treatment effects may have been undetectable due to high water variability within 
the wetland and between years.   
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Further harvesting and long-term management approaches are likely necessary to 
measurably change wetland nutrient conditions. Understanding how the removal of nutrients will 
alter overall nutrient dynamics on a wetland scale could provide beneficial implications for Great 
Lakes coastal wetlands and water quality. Harvesting as a method of nutrient removal could 
potentially reduce nutrient loads to adjacent water bodies and contribute to improved ecosystem 
function and services. 
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CHAPTER THREE 
EFFECT OF HARVESTING INVASIVE TYPHA × GLAUCA BIOMASS ON VEGETATION 
AND PLANT DIVERSITY RECOVERY IN A GREAT LAKES COASTAL WETLAND 
Introduction 
Wetlands are one of the most important biologically diverse ecosystem types in the world 
(Mitsch and Gosselink, 2007). Coastal wetlands consist of structurally diverse vegetation types 
and species that provide habitat for many wildlife species - including mammals, fishes, birds, 
and invertebrates (Schwoch et al., 2006). Great Lakes wetland habitats are facilitated and 
maintained by naturally fluctuating water levels of the Lakes (Keddy and Reznicek, 1986; 
Wilcox, 2004; Wilcox and Nichols, 2008). These transition areas slow nutrient runoff between 
the terrestrial upland and the Great Lakes (Minc and Albert, 1998) and sequester nutrients 
through plant uptake and sorption in the sediments and porewater, mitigating the effects of 
eutrophication on the Great Lakes (Lougheed et al., 2001; Parker et al., 2012). Native plant 
communities play an important role in the function of these coastal wetlands (Lougheed et al., 
2001).  
Native wetland plant communities are threatened by excess nutrients (Detenbeck et al., 
1999) resulting from land-use changes and ecosystem alterations (Minc and Albert 1998; Hill et 
al., 2006). Anthropogenic disturbances pose one of the greatest threats to Great Lakes ecosystem 
biodiversity and function (Johnston and Brown, 2013; Trebitz et al., 2007). Increased nutrient 
levels and altered hydrology due to enhanced agriculture, urbanization, and land-use changes 
have enriched these coastal systems, resulting in wetland degradation and loss of diversity 
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(Albert and Minc, 2004; Uzarski et al., 2009). Anthropogenic disturbances coupled with natural 
fluctuating water levels of the Great Lakes have resulted in exposed areas prone to the 
establishment and spread of non-native invasive plant species (Frieswyk and Zedler, 2006; 
Lishawa et al., 2010). Non-native invasive plants are now a primary threat to the structure and 
function of these coastal wetlands (Abell et al., 2000). 
Invasive plants can negatively impact wetland ecosystems through rapid spatial 
expansion, impeding native plant species recruitment and reproduction (Galatowitsch et al., 
1999; Levine et al., 2003). Invasive plants tend to be more vigorous; larger, faster growing, and 
more productive than native species (Smith, 1987; Zedler, 2000; Ehrenfeld, 2003; Zedler and 
Kercher, 2004). Additionally, they outcompete native plant species through rapid uptake of 
nutrients (Woo and Zedler, 2002; Larkin et al., 2012a). Also, the increasing abundance of their 
seeds on the landscape increases the rate of spread and dominance of invasive plants (Frieswyk 
and Zedler, 2006). These characteristics can accelerate plant invasions causing a shift in plant 
community structure and composition, contributing to a loss of plant species diversity 
(Svengsouk and Mitsch, 2001; Tuchman et al., 2009; Lishawa et al., 2010; Johnston and Brown, 
2013).  
One non-woody, vascular invasive species common in Great Lakes wetlands is Typha × 
glauca (hereafter, Typha) (Galatowitsch et al., 1999). It is a hybrid between the native broad-
leaved cattail, T. latifolia, and the introduced narrow-leaved cattail, T. angustifolia (Smith, 
1987). Typha’s clonal expansion through its rhizomes facilitate formation of dense, monotypic 
stands (Smith, 1987; Hoagman, 1998; Frieswyk and Zedler, 2006). The high productivity of 
Typha allows the plant to assimilate high concentrations of nutrients in its aboveground and 
belowground tissue (Smith et al., 1987). Standing dead biomass (i.e., litter) decomposes slowly 
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and can accumulate to over 1 m depth which suppresses native wetland species. Litter is a 
driving factor contributing to the expansion and dominance of Typha (Galatowitsch et al. 1999; 
Freyman, 2008; Vaccaro et al., 2009; Larkin et al., 2012a). Typha litter impacts plant community 
composition by altering environmental conditions (i.e., temperature and light) which inhibits the 
germination and growth of native species (Frieswyk and Zedler, 2006; Farrer and Goldberg 
2009; Lishawa et al., 2010; Larkin et al., 2012a).  
Several management practices have been used to control invasive plants and promote 
more diverse plant community in wetlands. Common methods include: water level management, 
mechanical disturbances, herbiciding, and burning (MDNR, 1994). Although these methods have 
been shown to successfully reduce invasive plants and restore plant diversity, they often have to 
be used in conjunction with one another (MDNR, 1994). Negative impacts have resulted from 
herbiciding and burning by indiscriminately eliminating the target invasive and non-target native 
plant community and releasing additional nutrients (MDNR, 1994; Findlay et al., 2003; 
Lawrence et al., 2016). Burning also releases sequestered carbon within the wetland to the 
atmosphere. Mechanical compaction (i.e., crushing and crimping) of vegetation can reduce 
invasive plant dominance, but the remaining biomass leaches nutrients back into the environment 
which further stimulate growth of the invasive plants (Sojda and Solberg, 1993; Osland et al., 
2001; Trama et al., 2009).  
An alternative method of Typha management, harvesting (cutting and removing the 
biomass), holds promise for being non-polluting and highly effective at reducing Typha 
dominance. Aboveground harvesting of standing living biomass and litter has been shown to 
remove nutrients sequestered in the biomass, reduce invasive Typha dominance (Lawrence et al., 
2016), and increase native plant species diversity (Lishawa et al., 2015), while not contributing 
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to further deleterious effects. The small-scale removal of Typha living biomass and litter was 
shown to result in increased temperature and light penetration at the sediment surface, facilitating 
seed germination and subsequent increases in native plant diversity (Larkin et al., 2012a; 
Lishawa et al., 2015; Lawrence et al., 2016). Other studies have shown that cutting below the 
water surface prevents oxygen from reaching belowground rhizomes (Jordan and Whigham, 
1986), effectively drowning out and eliminating Typha (Sojda and Solberg, 1993; Boers et al., 
2007). However, research suggests that long-term repeated harvesting with additional 
management efforts on a large-scale could be necessary in order to establish and maintain plant 
diversity (Seabloom and van der Valk, 2003; Hall and Zedler, 2010). 
Although aboveground biomass harvesting has been shown to reduce Typha dominance 
and stimulate native plant species recovery, it is important to determine how much harvesting is 
necessary to achieve a large-scale change in plant community composition. It is also crucial to 
understand how different frequencies of harvest treatments may impact wetland plants in order to 
minimize impacts on non-target native plants. Understanding how harvesting affects Typha 
dominance and native wetland plant species recovery on a large-scale will help guide future 
management decisions.  
The primary objective of this project is to investigate the effect of harvesting invasive 
Typha biomass on nutrient removal and plant diversity recovery in a Great Lakes coastal wetland 
ecosystem. Here, I evaluate the effect of large-scale harvesting of Typha living biomass and litter 
on vegetation and plant diversity recovery in a characteristic Typha-dominated Great Lakes 
coastal wetland, Cheboygan Marsh, MI. I hypothesize that the double harvest of Typha will 
increase wetland plant diversity more than the single harvest or crush treatment. The double 
harvest will remove additional living biomass and litter, exposing more of the sediment to allow 
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regeneration from the native seed bank. I also hypothesize that the double harvest will reduce 
Typha regrowth more effectively than the single harvest and crush treatment because it will 
deplete more of the stored nutrients in the rhizomes. I predict that harvesting below the water 
surface once per year for two years will significantly decrease the presence of Typha and 
stimulate plant diversity recovery. This study allows me to determine large-scale wetland and 
plant community composition changes following novel Typha management treatments. 
Specifically, I address the following research questions:  
 
1. What are the changes in wetland plant community composition after single harvest, 
double harvest, and crush treatments in a Typha-dominated wetland? 
2. What are the changes in Typha living biomass recovery after single harvest, double 
harvest, and crush treatments? 
3. What are the changes in wetland plant community composition after an annual below-
water harvest treatment over two years in a Typha-dominated wetland? 
 
Materials and Methods 
Study Site 
Cheboygan Marsh is located in Cheboygan County, Michigan, USA (45°39’29” N, 
84°28’47” E). It is a 23-ha lacustrine, open-embayment freshwater coastal wetland located along 
northern Lake Huron (Figure 15; Albert et al., 2005; Lishawa et al., 2013). Water levels are 
typically lower in spring and early summer and tend to increase in late summer and fall, which is 
characteristic of Great Lakes coastal wetlands (Minc and Albert, 1998). The west and east 
sections along with the protected south section of the wetland have a sand ridge which 
disconnects these areas from the open water of Lake Huron (Figure 16). The isolation of portions 
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of the wetland complex from the open water can result in distinct hydrologic characteristics 
compared to one another and compared to the open, connected areas of the wetland (Minc and 
Albert, 1998; Albert et al., 2005). The east section of the marsh remains inundated throughout 
the year under average and high water levels and experiences short-term fluctuations from seiche 
activity. Cheboygan Marsh most likely experiences nutrient inputs due to the presence of an 
adjacent wastewater treatment plant (WWTP) (Figure 16) as well as local residential and 
agricultural runoff (Tuchman et al., 2009; Lishawa et al., 2010). 
Typha first appeared in the late 1940’s and Typha monocultures now nearly dominate the 
entire wetland (Lishawa et al., 2013). The wetland consists of three distinct vegetation zones: a 
small, remnant native emergent zone, which contains only native plant species; a transition zone, 
which contains native plant species and Typha; and a widespread Typha zone, dominated by a 
monotypic stand of Typha (Lishawa et al., 2014). The Typha zone presently covers more than 








Figure 16. Sections of Cheboygan Marsh with respect to Lake Huron and locations of the sand 
ridges and WWTP. Typha-invaded area is delineated in the yellow dashed line. 
 
Experimental Design 
To assess the effects of Typha harvesting on biomass and plant diversity recovery, I used 
the 25 experimental plots at Cheboygan Marsh established by the Tuchman Lab in 2014. Plots 
were randomly assigned treatments in areas where Typha monocultures have occurred for at least 
30 years. The four large-scale (3,600 m2) and one meso-scale (100 m2) experimental restoration 
treatments include: control, crush (mechanical compaction of vegetation); single harvest 
(harvested once per year); double harvest (harvested twice per year); and below-water harvest 
(10 ×10 m plots, harvested once per year for two years below the water surface with hand-held 
Source: Esri, DigitalGlobe, GeoEye, Earthstar Geographics, CNES/Airbus DS, USDA, USGS, AEX,
Getmapping, Aerogrid, IGN, IGP, swisstopo, and the GIS User Community
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aquatic weed whackers) (Figure 17). Although the crush treatment did not involve the removal of 
Typha biomass and litter, it is a widespread method in wetland restoration used to reduce Typha 
spp. dominance and maintain plant diversity (Sojda and Solberg, 1993; Trama et al., 2009; 
Osland et al., 2011). Five replicate plots of each treatment type were established. Each plot 
contained five 2 × 2 m subplots to allow for spatial representation of the vegetation and plant 
community parameters within a treatment plot (Figure 18). Sampling each subplot allowed for a 
statistically rigorous comparison of plant biomass, litter, and species recovery between 
restoration treatments and within each treatment over time.  
 
 
Figure 17. Cheboygan Marsh (20) 60 × 60 m and (5) 10 × 10 m experimental restoration plots and 
randomly assigned treatment types: control, crush, single harvest, double harvest, and below-
water harvest within the harvested Typha-invaded area of the wetland. 
Source: Esri, DigitalGlobe, GeoEye, Earthstar Geographics, CNES/Airbus DS, USDA, USGS, AEX,
Getmapping, Aerogrid, IGN, IGP, swisstopo, and the GIS User Community
¯











Figure 18. Layout of the five 2 × 2 m replicated subplots (A – E) sampled within each of the 
treatment plots at Cheboygan Marsh. 
 
The single harvest, double harvest, and crush treatments were implemented with a low-
impact 2014 Loglogic Softrak ‘Cut and Collect System’ amphibious wetland harvester that can 
work in water depths up to 75 cm (Figure 19). It weighs ~400 kg with a swath width of 1.3 m 
and cuts 20 cm above the sediment or water surface and collects the biomass in a rear 8 m3 bin. 
The rate of harvesting with the Softrak depends on the vegetation density, terrain, water depth, 
and any obstacles that may be encountered. 
The harvestable Typha-invaded of the wetland (12.2 ha) was defined as the area where 
Typha has persisted for more than 30 years and could be easily accessed and harvested by the 
Softrak harvester (Figure 17). The Softrak harvester was used to harvest the single and double 
harvest treatments and compact the vegetation in the crush treatment. Single harvest and crush 
treatments were implemented in July 2015 and 2016 (Figure 20). The first harvest for the double 













(Figure 20). The below-water harvest was implemented with aquatic weed whackers once in 
August 2014 one year before the Softrak was purchased, and again in September 2015 (Figure 
20), which allowed for an additional treatment duration to assess Typha biomass and plant 
species recovery over two years. 
 
 
Figure 19. The Softrak wetland harvester harvesting Typha at Cheboygan Marsh, MI. 
 
 






























Living biomass. To estimate quantities of the living biomass removal and recovery, I 
clipped the standing green tissue from within a 0.25 m2 quadrat within each subplot (A-E). The 
living biomass was clipped 20 cm above the sediment or water surface to mimic the height at 
which the Softrak harvester cuts. I collected pre-treatment samples before harvesting in July 
2015 (Figure 20). I re-sampled living biomass in July 2016 to assess treatment effects on 
biomass quantities one-year post-treatment (Figure 20). Living biomass was not collected from 
the two-year below-water harvest treatment.  
I obtained a wet-weight for each biomass subplot sample in the field using a garbage bag 
and a tube scale. I placed a representative subsample in a paper bag and recorded the wet weight 
of each. The subsamples were brought back to the University of Michigan Biological Station 
(UMBS) lab where I placed them in a drying oven at 60 °C for at least 48 h then recorded the 
dry-weight. I calculated wet-weight to dry-weight ratios to estimate the average dry-weight 
living biomass at each plot. 
Vegetation. In order to assess plant community composition within the wetland, I 
sampled species composition, percent cover, and percent litter cover within a 1 m2 quadrat within 
each subplot. I collected vegetation data for the below-water harvest before harvesting in July 
2014 and again in July 2015 and 2016 to capture the two-year post-treatment response (Figure 
20). For the other four treatments, I sampled baseline pre-treatment vegetation data before 
harvesting in July 2015 and again in July 2016 (Figure 20) to assess the one-year post-treatment 
plant community response. I calculated Shannon-Wiener diversity index, species richness, and 
assessed percent cover of individual species of various taxonomic plant groups (Appendix A) 
which included: sedges, rushes, grasses, Typha, graminoids, submersed aquatics, forbs, and 
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woody species. I averaged the five subplot values (A-E) in order to obtain mean diversity, 
richness, and percent cover values for each plot. 
Water level. Because vegetational changes can be greatly influenced by year-to-year 
changes in Great Lakes water levels, water level measurements were taken at the same time 
vegetation data was collected in 2015 and 2016. Three water depth measurements were taken 
within each subplot and the average was recorded. The five subplots (A-E) were averaged to 
provide an estimate of the water depth within the plot. 
Statistical Analysis  
Nonmetric multidimensional scaling (NMDS) was used to characterize differences in 
plant community composition and associated environmental variables between control, single 
harvest, double harvest, and crush treatments. NMDS is an ordination technique suitable for 
linear and non-linear ecological data that preserves ranked distances between species space and 
environmental data space (McCune and Grace, 2002). Each plot was considered an individual 
plant community and constructed using two dimensions. Data were transformed using Wisconsin 
double standardization and dissimilarity was based on Bray-Curtis distances. Environmental 
variables tested for significance (p≤0.05) included total vegetation cover, litter cover, water 
depth, diversity, species richness, and living biomass (g/m2). Nutrient variables collected in 
Chapter Two were also included in the NMDS environmental variables, which included 
sediment N and P (%), porewater NO3-, NH4+, and PO43- (µg/L), and litter (g/m2). 
I used linear mixed-effects (LME) models for all wetland plant community variables. 
LME models account for fixed effects and combined random effects within a single model 
(Winter, 2013). I used plot as the random variable to account for the random effects of plot 
location. I nested the subplots within a plot to look at the change at the subplot level over time to 
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provide a better sense of the overall plot value. The random effects of subplots nested within a 
plot provide a more general sense of the variability among the larger set of levels (plots). I 
compared plant community variables for the control, single harvest, double harvest, and crush 
treatments using treatment × year as the fixed variables. Water level appeared to increase across 
the wetland between years, therefore, I conducted simple linear regression analysis to examine 
the relationship between plant community variables with increasing water level in 2015 and 2016 
(p≤0.05). I conducted one-way ANOVA to compare plant community measurements between 
pre-treatment 2014, one-year post-treatment 2015, and two-years post-treatment 2016 for the 
below-water treatment with year as the independent variable.  
All statistical analyses were performed using R Version 3.3.2 (R Core Team, 2016). I 
used the “lme4” package to analyze LME models (Bates et al., 2015) and the “vegan” package 
for NMDS (Oksanen et al., 2017). If there was a significant factor or interaction (p≤0.05), a 
Tukey’s HSD post-hoc pairwise comparison was conducted. Data were log transformed or 
arcsine transformed when necessary to meet the assumptions of normality and homoscedasticity. 
Results 
Changes in Wetland Plant Community Composition after Single Harvest, Double Harvest, 
and Crush Treatments 
NMDS revealed no differences in plant community composition among treatments in 
2015 or 2016 (Figures 21-A and 21-B), however water level and diversity significantly 
correlated with plant communities in both years (p≤0.05). Average water level at Cheboygan 




Figure 21. NMDS scaling of plant community data for control, single harvest, double harvest, 
and crush treatments from A) pre-treatment 2015 and B) one-year post-treatment 2016 and 
environmental explanatory variable vector arrows (p≤0.05).  
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 In 2015, there was a significant increase in rush species (p≤0.001), graminoid species 
(p≤0.05), and submersed aquatic species (p≤0.001) with increasing water level (Table 12). In 
2016, I found a significant increase in diversity (p≤0.05), rush species (p≤0.01), and submersed 
aquatic species (p≤0.001) with increasing water level and a significant decrease in forb species 
(p≤0.01) with increasing water level (Table 13). 
 
Table 12. Results of simple linear regression analysis assessing Cheboygan Marsh 2015 plant 
community variables with increasing water level and associated significant relationships (+/-). 
 
df 
      
Diversity Estimate Std. Error R2 F-value P-value +/- 
Intercept 1 0.2680 0.0868     
Water Level 18 0.0084 0.0047 0.1526 3.2420 0.0886  
Species Richness 
Intercept 1 2.6891 0.3375     
Water Level 18 0.0194 0.0182 0.0591 1.1300 0.3018  
Sedge spp. (%) 
Intercept 1 0.0286 0.0181     
Water Level 18 0.0014 0.0010 0.1037 2.0830 0.1662  
 Rush spp. (%) 
Intercept 1 -0.0234 0.0122     
Water Level 18 0.0031 0.0007 0.5476 21.7800 *** + 
Grass spp. (%) 
Intercept 1 0.0441 0.0254     
Water Level 18 -0.0007 0.0014 0.0148 0.2709 0.6091  
Typha cover (%) 
Intercept 1 0.4785 0.0234     
Water Level 18 0.0016 0.0013 0.0840 1.6510 0.2151  
Graminoid spp. (%) 
Intercept 1 0.4879 0.0186     
Water Level 18 0.0024 0.0010 0.2431 5.7800 * + 
Aquatic spp. (%) 
Intercept 1 -0.0183 0.0132     
Water Level 18 0.0038 0.0007 0.6135 28.5800 *** + 
Forb spp. (%) 
Intercept 1 0.1352 0.0130     
Water Level 18 -0.0012 0.0007 0.1443 3.0350 0.0985  
Woody spp. (%) 
Intercept 1 5.19E-03 4.31E-03     
Water Level 18 1.66E-05 2.33E-04 0.0003 0.0051 0.9440  
Significance Levels       




Table 13. Results of simple linear regression analysis assessing Cheboygan Marsh 2016 plant 
community variables with increasing water level and associated significant relationships (+/-). 
 
df 
      
Diversity Estimate Std. Error R2 F-value P-value +/- 
Intercept 1 0.2794 0.0777     
Water Level 18 0.0082 0.0024 0.2369 5.5870 * + 
Species Richness 
Intercept 1 2.5087 0.2953     
Water Level 18 0.0239 0.0132 0.1546 3.2900 0.0864  
Sedge spp. (%) 
Intercept 1 0.0295 0.0194     
Water Level 18 0.0004 0.0009 0.0115 0.2093 0.6528  
 Rush spp. (%) 
Intercept 1 -0.0095 0.0059     
Water Level 18 0.0009 0.0003 0.3881 11.4200 ** + 
Grass spp. (%) 
Intercept 1 0.0537 0.0200     
Water Level 18 -0.0013 0.0009 0.1072 2.1610 0.1588  
Typha cover (%) 
Intercept 1 0.4604 0.0310     
Water Level 18 0.0007 0.0014 0.0159 0.2916 0.5958  
Graminoid spp. (%) 
Intercept 1 0.4771 0.0295     
Water Level 18 0.0005 0.0013 0.0077 0.1389 0.7137  
Aquatic spp. (%) 
Intercept 1 -0.0145 0.0283     
Water Level 18 0.0083 0.0013 0.7076 43.5600 *** + 
Forb spp. (%) 
Intercept 1 0.1265 0.0160     
Water Level 18 -0.0024 0.0007 0.3945 11.7300 ** - 
Woody spp. (%) 
Intercept 1 0.0125 0.0052     
Water Level 18 -0.0004 0.0002 0.1209 2.4760 0.1330  
Significance Levels       
‘***’ 0.001, ‘**’ 0.01, ‘*’ 0.05 
 
There were no significant treatment effects in plant community composition one-year 
post-treatment after the single harvest, double harvest or crush treatments. There was a 
significant increase in submersed aquatic species in control (p≤0.001) and single harvest 
treatments (p≤0.001) between pre-treatment 2015 and one-year post-treatment 2016, and a 
significant decrease in rush species in the control (p≤0.01) between pre-treatment 2015 and one-
year post-treatment 2016 (Table 14). However, there was an increasing trend in submersed 
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aquatic species across all treatments in 2016. Rush species were present in only the control and 
single harvest treatments in 2015 and in only the control in 2016. I did not find any other 
significant differences in Shannon-Wiener diversity index (Figure 22), species richness (Figure 
23), or percent cover of sedges, grasses, Typha, graminoids, forbs, or woody species (Table 14).  
 
 
Figure 22. Shannon-Wiener diversity index between pre-treatment 2015 and one-year post-
treatment 2016 for control, single harvest, double harvest, and crush treatments (n=5, ±SE). 












































Figure 23. Species richness between pre-treatment 2015 and one-year post-treatment 2016 for 
control, single harvest, double harvest, and crush treatments (n=5, ±SE). Different lowercase 

















































Table 14. Results of LME model assessing plant community parameters between pre-treatment 
2015 and one-year post-treatment 2016 by treatment × year and subsequent Tukey’s post-hoc 




LME Fixed Effects     
Treatment Year Treatment × Year 
 F-value P-value F-value P-value F-value P-value 
Diversity  0.1206 0.9466 2.7258 0.1020 2.3435 0.0779 
Species Richness 0.5007 0.6871 1.2242 0.2713 2.8688 * 
Sedge spp. 1.4639 0.2619 0.5384 0.4649 0.5137 0.6738 
Rush spp. 0.9164 0.4552 6.7349 * 3.7344 * 
Grass spp.  0.4845 0.6977 0.2870 0.5934 1.3564 0.2608 
Typha cover  1.3434 0.2955 3.4314 0.0656 0.9902 0.3987 
Graminoid spp.  5.6990 0.1891 5.6990 * 0.2298 0.8755 
Aquatic spp.  0.9220 0.4526 38.2260 *** 2.9640 * 
Forb spp.  2.0206 0.1516 10.1948 ** 2.1558 0.0983 









Crush:   
Crush 
  P-value +/- P-value +/- P-value P-value 
Species Richness 1.0000  1.0000  0.0597 0.9929 
Rush spp.  ** - 0.9560  1.0000 1.0000 
Graminoid spp.  0.7860  0.9094  0.8206 0.9997 
Aquatic spp.  *** + *** + 0.9100 0.4764 
Forb spp. 0.8724  0.0979  0.9999 0.1796 
Significance Levels         
***' 0.001, '**' 0.01, '*' 0.05   
 
Changes in Typha Biomass after Single Harvest, Double Harvest, and Crush Treatments 
There was a significant increase in Typha living biomass (p≤0.01) in the control between 
pre-treatment 2015 and one-year post-treatment 2016 (Figure 24; Table 15). Living biomass in 
the control increased by ~35% from 2015 to 2016. The single harvest, double harvest, and crush 
treatments did not differ statistically in Typha living biomass between pre-treatment 2015 and 
one-year post-treatment 2016 or when treatments were compared to the control within years 





Figure 24. Living biomass (g/m2) pre-treatment 2015 and one-year post-treatment 2016 for 
control, single harvest, double harvest, and crush treatments (n=5, ±SE). Different lowercase 
letters denote statistical significance (p≤0.05). 
 
Table 15. Results of LME model assessing living biomass between pre-treatment 2015 and one-
year post-treatment 2016 for control, single harvest, double harvest, and crush treatments by 




LME Fixed Effects     
Treatment Year Treatment × Year 
 F-value P-value F-value P-value F-value P-value 










Crush:   
Crush 
  P-value P-value P-value P-value 
Living Biomass ** 0.9682 0.9969 0.9958 
     

















  P-value P-value P-value P-value P-value P-value 
Living Biomass 0.8707 0.9967 1.0000 0.3511 0.1706 0.3951 
Significance Levels           













































Changes in Wetland Plant Community Composition after an Annual Below-Water Harvest 
Treatment Over Two Years 
Plant diversity, species richness, sedges, rushes, grasses, and forbs were all greater in pre-
treatment 2014 compared to post-treatment 2016 for the below-water harvest treatment, although 
not statistically significant (Table 16). There was a decrease in Typha cover between 2014 to 
2015 and 2015 to 2016, although not statistically significant (Table 16). Graminoid species cover 
significantly decreased (p≤0.05) between 2014 to 2016 and forb species cover significantly 
decreased (p≤0.05) between 2014 to 2015 and 2015 to 2016 (Table 16). Submersed aquatic 
species were greater in post-treatment 2016 than in pre-treatment 2014, although not 
significantly (Table 16). Water level was higher in 2016 than in 2014, but not significantly 















Table 16. Results of one-way ANOVA of 2014, 2015, and 2016 plant community measurements 
for below-water treatment by year and subsequent Tukey’s post-hoc comparison results (n=5). 
Diversity df SS MS F-value P-value 
Year 2 0.1043 0.0521 0.5490 0.5920 
Residuals 12 1.1400 0.0950   
Species Richness df SS MS F-value P-value 
Year 2 10.9900 5.4960 2.1150 0.1630 
Residuals 12 31.1800 2.5990   
Sedge spp. df SS MS F-value P-value 
Year 2 0.0023 0.0011 0.2910 0.7530 
Residuals 12 0.0471 0.0039   
Rush spp. df SS MS F-value P-value 
Year 2 0.0024 0.0012 0.6810 0.5250 
Residuals 12 0.0214 0.0018   
Grass spp. df SS MS F-value P-value 
Year 2 0.0139 0.0069 0.6850 0.5230 
Residuals 12 0.1215 0.0101   
Typha cover df SS MS F-value P-value 
Year 2 0.2278 0.1139 3.2350 0.0752 
Residuals 12 0.4225 0.0352   
Graminoid spp. df SS MS F-value P-value 
Year 2 0.2672 0.1336 4.7890 * 
Residuals 12 0.3348 0.0279   
    Mean 
Difference 
95% Confidence Interval  
Post-Hoc Comparisons   Lower Upper P-value 
2014 – 2015  0.2143 -0.4961 0.0676 0.1478 
2014 – 2016  0.3210 -0.6028 -0.0391 * 
2015 – 2016 
 
 0.1067 -0.3886 0.1751 0.5847 
Aquatic spp. df SS MS F-value P-value 
Year 2 0.0475 0.0237 0.7390 0.4980 
Residuals 12 0.3856 0.0321   
Forb spp. df SS MS F-value P-value 
Year 2 0.0473 0.0237 6.6020 * 
Residuals 12 0.0430 0.0036   
  Mean 95% Confidence Interval  
Post-Hoc Comparisons  Difference Lower Upper P-value 
2014 – 2015  0.1034 -0.2044 -0.0024 * 
2014 – 2016  0.1303 -0.2314 -0.0293 * 
2015 – 2016  0.0269 -0.1280 0.0741 0.7616 
Woody spp. df SS MS F-value P-value 
Year 2 0.0008 0.0004 1.0000 0.3970 
Residuals 12 0.0048 0.0004   
Water Level df SS MS F-value P-value 
Year 2 933.20 466.60 1.8640 0.1970 
Residuals 12 3003.90 250.30   
Significance Levels           




Changes in Wetland Plant Community Composition after Single Harvest, Double Harvest, 
and Crush Treatments 
By assessing plant community measurements within the control, single harvest, double 
harvest, and crush treatments, I was able to evaluate the changes in wetland plant diversity, 
species richness, and percent cover of several taxonomic plant groups one-year post-treatment. 
Classifying species into various taxonomic groups allowed me to determine if plant community 
composition or vegetation responses might be influenced by any differences in growth form or 
underlying physiological processes (Byun et al., 2013). There were no significant treatment 
effects evident in any of the plant community measurements analyzed. In 2016, water level was 
higher throughout the wetland than in 2015 which seemed to influence the plant community 
responses. Both NDMS models and simple linear regression analyses showed water depth 
correlating with plant communities in both years.  
Higher water depth in 2016 impacted plant taxonomic groups. All treatments showed an 
increasing trend in submersed aquatic species between pre-treatment 2015 and one-year post-
treatment 2016. Shifts in plant community composition can be associated with high water levels 
and the associated stresses of currents, wave action, and turbidity, favored by submersed aquatic 
plants (Minc and Albert, 1998; Albert, 2003; Zedler, 2000). High water can also alter plant 
community structure by promoting the expansion of more aggressive species, such as Typha 
(Keddy and Reznicek, 1986; Wilcox, 2004) and by restricting the expansion of other plants such 
as sedges, rushes, and grasses which are sensitive to small fluctuations in water level (Zedler, 
2000; Hall and Zedler, 2010; Farrer and Goldberg, 2014).  
I predicted the double harvest to show the greatest increase in diversity and plant 
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community change and there was a slight increase evident in both diversity and species richness 
one-year post-harvest. The double harvest removes additional Typha biomass and litter compared 
to the single harvest, exposing more sediment and increasing light penetration, allowing for more 
successful seedling establishment (Lishawa et al., 2015; Lawrence et al., 2016). The presence of 
unharvested biomass and litter in the other treatments could further prevent seed germination, 
especially in the crush treatment. Although the crush treatment did not cause a significant change 
in wetland plant composition, other studies have shown it to increase wetland plant species 
diversity and richness (Osland et al., 2011). 
Another factor that could influence plant species diversity recovery in this wetland is 
Typha stand age. Older Typha stands have fewer native plant species than younger stands 
(Frieswyk and Zedler, 2006; Mitchell et al., 2011; Lishawa et al., 2014; Lishawa et al., 2015). 
Longer presence of Typha means more litter accumulation, which can impact the growth of 
native species (Farrer and Goldberg, 2009; Larkin et al., 2012a). Older Typha stands could also 
contain fewer native seeds in the seed bank because some species have short-lived seeds (Hall 
and Zedler, 2010).  
A previous study conducted in Cheboygan Marsh created Typha stand-age maps 
(Lishawa et al., 2013) and Lishawa et al. (2015) determined that young stands (<20 years) had 
greater plant diversity, richness, seedling density, and floristic quality than old stands (>30 
years). The majority of my treatment plots were established within areas of Cheboygan Marsh 
where Typha has persisted since at least 1980 (Lishawa et al., 2013), which could affect native 
plant community responses to the various treatments. 
Changes in Typha Biomass after Single Harvest, Double Harvest, and Crush Treatments 
Living biomass recovery may have been affected by the harvest treatments. Single 
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harvest, double harvest, and crush treatments showed a decreasing trend in living biomass 
recovery one-year post-treatment, while it significantly increased in the control. Again, this 
increase in living biomass in the control could be attributed to the increase in water level in 2016. 
Fluctuations in water levels are important in the establishment and dominance of aggressive 
species, such as Typha spp. (Keddy and Reznicek, 1986; Smith, 1987; Wilcox, 2004). Typha 
thrives under flooded conditions and has been shown to produce greater stem density and 
aboveground biomass in deeper water. (Boers et al., 2007; Bunbury-Blanchette et al., 2015). If 
this increase in water level stimulated ~35% higher growth in the control, then this should have 
been the case for all of the other treatments. Therefore, each of the treatments had some effect on 
Typha biomass recovery the following year. 
The removal of litter through harvesting creates space for new plants to emerge but can 
also result in higher Typha stem density in the years following harvesting (Grosshans et al., 
2011). Although my study did not look at stem density specifically, data from Cheboygan Marsh 
in 2016 suggest that stem density was greater in the double harvest (~46 stems/m2) compared to 
the control (~35 stems/m2). More litter was removed from the double harvest, creating more 
space and possibly contributing to greater stem density. Single harvest and crush treatment’s 
stem density (~36 stems/m2 for each treatment) was similar to control.  
There was no evident change in Typha living biomass in the crush treatment one year 
following treatment, suggesting that crushing may have had an impact similar to the other 
harvest treatments on Typha biomass recovery, at least over the course of this study. Crushing as 
a management strategy can decrease aboveground Typha spp. biomass, height, and density 
(Jordan and Whigham, 1988; Trama et al., 2009; Osland et al., 2011) by breaking the 
aerenchyma that connects the rhizomes and the leaves, inducing stress on the plant (Sojda and 
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Solberg, 1993). Decreased oxygen to the rhizomes may kill the belowground tissue, reducing 
production in following years (Jordan and Whigham, 1988). The compacted aboveground 
biomass and litter could also act as a mechanical barrier preventing the growth of new Typha 
stems.  
Timing and frequency of harvesting are important factors to consider with respect to 
Typha management and plant diversity recovery. The period of maximum Typha biomass 
production occurs mid to late summer (Garver et al., 1988; Svengsouk and Mitsch, 2001; 
Grosshans et al., 2011). Management efforts around this time of year would recover the most 
biomass and deplete rhizome energy reserves before translocation occurs, potentially reducing 
productivity of Typha and stimulating plant diversity recovery the following year (Garver et al., 
1988; Grosshans et al., 2011). Treatments in this study were implemented within the time period 
of peak biomass, which likely influenced Typha recovery the following year.  
Changes in Wetland Plant Community Composition after an Annual Below-Water Harvest 
Treatment Over Two Years 
The below-water harvest treatment over two years did not significantly increase native 
plant diversity. It did decrease native plant diversity, possibly due to increased water level in 
2015 and 2016 which drowned out the vegetation. Cutting plants at the sediment surface, 
followed by an increase in water level could flood the roots and rhizomes, preventing regrowth 
(Sojda and Solberg, 1993; Lishawa et al., 2015). However, the opening left by the drowned 
Typha provided ideal habitat for waterfowl, small fish, and amphibians which I observed in the 
wetland.  
Another study conducted in Cheboygan Marsh by Lishawa et al. (2015) harvested 
aboveground Typha biomass and litter at the sediment surface that exposed the sediment creating 
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optimal conditions for seed germination. That study found a significant increase in plant 
diversity and species richness and a significant decrease in Typha dominance. Although my 
results from the below-water treatment did not show an increase in plant diversity or species 
richness, the plant community was greatly impacted by harvesting followed by flooding – which 
would have drowned out many existing plants and prevented the germination of new seedlings 
(Hall and Zedler, 2010). If continued flooding between years had not occurred, the below-water 
treatment would have likely stimulated seed bank germination and an increase in plant 
community diversity due to the complete removal of aboveground biomass and litter – similar to 
the results from Lishawa et al. (2015). A longer timeframe and continued treatment would be 
needed to determine the effects of each of these harvest treatments on restoring the native plant 
community and decreasing Typha dominance.  
Conclusion 
The results of this study indicate that identifying changes in wetland plant community 
composition through harvesting invasive Typha are challenging considering the one and two-
year timeframes of this study along with the associated increase in water level. Higher water 
levels in 2016 likely played an important role in driving plant community structure and 
composition. Although I did not find a significant increase in plant diversity in any of the 
treatments, submersed aquatic species increased throughout the wetland. The fact that increased 
water level can stimulate the growth of Typha, water level likely affected Typha’s regrowth 
response and each treatment impacted Typha’s recovery the following year. 
 I hypothesized that the below-water harvest would increase wetland plant diversity and 
reduce Typha. Higher water levels in 2016 likely influenced these results and drowned out most 
of the vegetation in the below-water harvest. However, I do believe that there is potential to 
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recover plant diversity through harvesting in this wetland as was seen in previous studies 
conducted at Cheboygan Marsh and through visual field observations. Long-term low water 
levels would need to occur in order to provide space and promote the recruitment of seedlings 
and alter plant community structure. These newly exposed areas are also prone to the 
establishment and spread of invasive plants. Therefore, timing of harvesting may influence 
Typha management decisions to target these invasions early and increase native plant species 
diversity. 
Wetland plant diversity and species richness may not have increased through these 
treatments because further harvesting might be needed to measurably change the plant 
community composition. Continued harvesting may also be necessary to help maintain wetland 
plant diversity and prevent the further spread of Typha. Environmental factors, such as water 
level, and the timing and frequency of harvesting may influence plant community responses to 
Typha harvesting. 
  88 
CHAPTER FOUR 
RELATIONSHIP BETWEEN NUTRIENT CONCENTRATIONS AND PLANT 
COMMUNITY COMPOSITION IN TWO GREAT LAKES COASTAL WETLANDS 
Introduction 
Nutrient enrichment in Great Lakes coastal wetlands due to anthropogenic disturbances 
(Albert and Minc, 2004; Uzarski et al., 2009) has resulted in decreased habitat quality, water 
quality, and biodiversity (Albert, 2003; Detenbeck et al., 1999; Trebitz et al., 2007). Coastal 
wetlands receiving high nutrient inputs have been linked to changes in plant community structure 
and composition, contributing to the invasion by non-native invasive plants (Lishawa et al., 
2010). Few undisturbed, low-nutrient wetlands remain (Albert, 2003) and these remaining high-
quality wetlands are threatened by further nutrient pollution, hydrologic alterations, 
fragmentation, and loss of native plant diversity through the establishment of non-native invasive 
plants (Abell et al., 2000; Uzarski et al., 2009). 
Coastal wetlands are directly influenced by natural fluctuations in Great Lakes water 
levels (Minc and Albert, 1998), which leads to temporary shifts in plant community structure and 
composition (Wilcox, 2004; Tulbure et al., 2007). Low water levels and increased nutrients help 
facilitate the establishment and growth of invasive plants in these wetlands (Frieswyk and 
Zedler, 2006; Lishawa et al., 2010). Invasive plants are more productive and aggressive than 
native plants and often outcompete them increased nutrients are present (Smith, 1987; Woo and 
Zedler, 2002; Zedler and Kercher, 2004; Larkin et al., 2012a). Once established, they can 
influence wetland structure and function by altering nutrient cycling, primary production, 
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primary production, decomposition, hydrology (Vitousek et al., 1996), and can decrease plant 
diversity (Ehrenfeld, 2003) and negatively impact wildlife habitat (Tulbure and Johnston, 2010; 
Sierszen et al., 2012).  
Invasive plants are widespread throughout the Great Lakes region and certain species 
function as indicators of wetland deterioration (Trebitz and Taylor, 2007). Examples of some of 
the most dominant invasive plants in this region include Phragmites australis (common reed), 
Phalaris arundinacea (reed canary grass), Lythrum salicaria (purple loosestrife), Myriophyllum 
spicatum (Eurasian watermilfoil), Potamogeton crispus (curly pondweed), Hydrocharis morsus-
ranae (European frogbit), and Typha spp. (cattail) (Albert and Minc, 2004). 
Typha spp. are one of the most dominant vascular wetland plants found across North 
America (Kercher and Zedler, 2004). In the Great Lakes region, T. × glauca (hereafter, Typha), 
a hybrid between the native broad-leaved cattail, T. latifolia, and the introduced narrow-leaved 
cattail, T. angustifolia (Smith, 1987), has become the most commonly found cattail species 
(Travis et al., 2010; Freeland et al., 2013). Typha’s high productivity and hybrid vigor allows it 
to rapidly expand once established (Hoagman, 1998; Frieswyk and Zedler, 2006; Freeland et al., 
2013) and it is associated with degraded wetlands (Tulbure et al., 2007). It expands primarily 
through its clonal network of rhizomes and can form monotypic stands (Smith, 1987). Once 
established, it can drive its own invasion through the slow decomposition and accumulation of its 
standing dead biomass (i.e., litter), which can alter environmental conditions within the wetland 
and suppress the native plant community (Frieswyk and Zedler, 2006; Freyman, 2008; Vaccaro 
et al., 2009; Larkin et al., 2012a). The replacement of native plant species by invasive species, 
such as Typha, is one of the primary threats to coastal wetland ecological function (Detenbeck et 
al., 1999). There are multiple ways in which invasive Typha is currently being managed. 
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Current restoration methods within the Great Lakes region and throughout North 
America used to control invasive wetland plants include: water level management, herbiciding, 
burning, crushing, mowing (cutting the biomass), and harvesting (cutting and removing the 
biomass) (MDNR, 1994). Harvesting has been shown to be an effective method at reducing 
Typha dominance without impacting the native plant community (Lishawa et al., 2015; 
Lawrence et al., 2016). Even though the alternative methods are widely used, they can negatively 
impact native plant communities, increase nutrient levels, and leave accumulated biomass 
(Findlay et al., 2003; Lawrence et al., 2016). 
In this chapter, I characterize and quantify key differences in plant community 
composition and nutrient conditions (N and P) between Mackinac Bay, a high-quality, low-
nutrient wetland, and Cedarville Bay, a Typha-invaded, high-nutrient wetland. I hypothesize that 
Cedarville Bay will have the higher nutrient conditions and greater Typha dominance than 
Mackinac Bay, which will have the lower nutrient levels and greater plant diversity. I will 
identify the plant community composition and Typha dominance along a nutrient gradient at 
Cedarville Bay. I hypothesize that the high to low nutrient gradient along Cedarville Bay will be 
reflected by decreasing Typha dominance and increasing plant diversity. I will also determine 
Typha’s regrowth response and nutrient removal potential after two harvests in one year and 
evaluate Typha’s relation to nutrient levels. I predict that the nutrient-rich conditions at 
Cedarville Bay will contribute to Typha’s regrowth after harvesting and harvesting twice a year 
will remove a substantial amount of nutrients (N and P). To address these objectives, I asked the 
following research questions: 
1. How do the vegetation and porewater and sediment nutrients compare between a high-
quality, high-diversity coastal wetland (Mackinac Bay) and a low-quality, low-diversity 
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Typha-invaded coastal wetland (Cedarville Bay)? 
2. What is the relationship between the nutrient gradient, plant community composition, and 
Typha dominance at Cedarville Bay? 
3. What is Typha’s regrowth response and nutrient removal potential after a double harvest 
in a high-nutrient wetland (Cedarville Bay) and how do nutrient levels relate to its 
regrowth response? 
Materials and Methods 
Study Sites 
Cedarville Bay and Mackinac Bay are located within the Les Cheneaux Islands with 
similar hydrology and geomorphology, but they differ greatly in degree of human impact, 
nutrient conditions and plant composition (Figures 25 and 26). The Les Cheneaux Islands consist 
of 36 islands along the northern shore of Lake Huron and are important habitat for many bird, 
mammal, fish, and invertebrate species (Albert, 2003; Parker et al., 2012). These sites allowed 
for a quantifiable comparison of wetland plant community composition in high versus low 
nutrient Great Lakes coastal wetlands.  
Cedarville Bay. Cedarville Bay Marsh is a low-quality, low-diversity Typha-invaded 
wetland located in Mackinac County, Michigan, USA (45°59’57”N, 84°20’41”W). It is an 8-ha 
lacustrine, open-embayment freshwater coastal wetland located along the northern edge of Lake 
Huron (Figures 25 and 26; Albert et al., 2005). This stretch of marsh remains inundated 
throughout the year and consists of three distinct vegetation zones: a submergent marsh zone 
containing submerged and floating vegetation; an emergent marsh zone at the interface of the 
shoreline and the lake characterized by standing water, little organic accumulation, Typha, along 
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with emergent and submergent vegetation; and a wet meadow zone characterized by saturated or 
intermittently saturated sediment with sedges, grasses, forbs, and Typha (Albert, 2003; Albert et 
al., 2005). Cedarville Bay is a resort community used for a variety of recreational activities and 
is considered one of the most impacted bays in the Les Cheneaux Islands (Höök et al., 2001). In 
the early 1990s, Cedarville Bay was determined to be the most eutrophic out of 10 Les Cheneaux 
sites monitored over a five-year study (Smith, 2006).  
The Clark Township Sewage Treatment Plant (STP) is located about 3.5 km north of 
Cedarville Bay and contributes to nutrient contamination through the discharge of wastewater 
effluent into Pearson Creek which empties directly into Cedarville Bay (Figures 27 and 28). Two 
large pulses of 25 – 30 million gallons of effluent are released over 10-day periods every year – 
one in the spring and one in the fall (Smith, 2011a). Dredging and boat dock clearing also occurs 
periodically throughout the year, temporarily elevating P concentrations through the disturbance 
of sediments (Smith, 2011b). Resuspended and excess nutrients are retained in the bay and 
wetland for long periods of time due to little exchange with open water of Lake Huron (Smith, 
2011a). 
Water quality data have been collected since 2001 to monitor the bay. Although the STP 
completes primary and secondary treatment of the wastewater, the nutrient load to the bay 
remains high, particularly in P. The concentration of P released from the STP has been reduced 
from approximately 1200 lbs./year to 50 lbs./year (Smith, 2011a). Although there has been a 
detectable decline in P in the bay, nutrients remain prevalent in the wetland sediment.  
The bay’s morphometric features impede longshore current flows and retain excess 
nutrients for long periods (Smith, 2011a), contributing to excessive growth of algae, submergent, 
and floating aquatic invasive plants (Albert, 2003), specifically Eurasian watermilfoil 
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(Myriophyllum spicatum) and Typha, requiring annual treatment. An expanding Typha stand 
dominates about 50% of the wetland, which impedes access to the lake for lakeshore residents 
and decreases the wetlands habitat value (Dennis Albert, personal communication, August 5, 
2016). There is an ongoing need to reduce nutrients entering and sequestered in the bay in order 
to improve ecosystem function, health, and recreational use (Smith, 2011a). 
Mackinac Bay. I used Mackinac Bay as a reference wetland to provide insight to the 
nutrient conditions and plant community composition of a high-quality, high-diversity Great 
Lakes coastal wetland. Mackinac Bay, Mackinac County, Michigan, USA (46°00’15”N, 
84°24’43”W) is a low-nutrient, high-diversity wetland located 6 km west of Cedarville Bay. It is 
a 9-ha lacustrine protected embayment freshwater coastal wetland located along the northern 
edge of Lake Huron (Figures 25 and 26; Albert et al., 2005). Mackinac Bay has valuable habitat 
that sustains many important Great Lake’s fish species (Little Traverse Conservancy, 2012). This 
area is largely undeveloped and contains Mackinac Bay Nature Preserve which remains open to 
the public throughout the year. This bay remains inundated throughout the year and is protected 
from wind and wave action (Albert, 2003). The wetland consists of three distinct vegetation 
zones from open water to upland: a submergent marsh zone containing submerged and floating 
vegetation; an emergent marsh zone at the interface of the shoreline and the lake characterized 
by standing water, little organic accumulation, and many native emergent and submergent 
species; and an extensive wet meadow zone further upland characterized by saturated or 






Figure 25. Location of Cedarville Bay and Mackinac Bay in northern Michigan, USA. 
 
 
Figure 26. Location of Cedarville Bay and Mackinac Bay within the Les Cheneaux Islands along 
northern Lake Huron. 
 
Source: Esri, DigitalGlobe, GeoEye, Earthstar Geographics, CNES/Airbus DS,
USDA, USGS, AEX, Getmapping, Aerogrid, IGN, IGP, swisstopo, and the GIS User
Community
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Cedarville Bay 2015. To assess the relationship between nutrients and vegetation 
parameters at Cedarville Bay in 2015, I established and sampled two transects parallel with the 
shoreline in (1) the emergent marsh zone and (2) the wet meadow zone (Figure 27). Eight plots 
were uniformly spaced along each transect for a total of 16 plots. Each transect started from the 
creek outlet at the north and moved south along the wetland towards the open lake.  
Mackinac Bay 2015. To assess the relationship between nutrients and vegetation 
parameters in Mackinac Bay in 2015, I established and sampled two transects in (1) the emergent 
marsh zone and (2) the wet meadow zone (Figure 27). Each transect started near the stream 
outlet towards the north and eight plots were uniformly spaced along each transect within the 
wetland zones for a total of 16 plots. 
 
 
Figure 27. 2015 transects and plots in the emergent and meadow vegetation zones at (left) 
Cedarville Bay and (right) Mackinac Bay. Wetland sampling area is delineated in the yellow 
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Cedarville Bay 2016. After review of the 2015 Cedarville Bay data, I identified a 
decreasing nutrient gradient and Typha cover from the mouth of Pearson Creek, extending to the 
southern end of the wetland. I conducted more intensive, replicated sampling in 2016 to provide 
greater resolution of the vegetation and nutrient conditions. I also conducted an experiment to 
assess Typha’s regrowth response and nutrient removal potential after a double harvest 
treatment. I created one transect through the Typha-dominated portion of the wetland and 
established 10 plots (Figure 28), consisting of four subplots and an adjacent biomass harvest plot 
(Figure 29). Because some vegetation manipulation took place in 2015, I avoided those areas and 
established the transect in only the emergent zone.  
 
 
Figure 28. 2016 transect with 10 plots in the emergent vegetation zone at Cedarville Bay. 
Wetland sampling area is delineated in the yellow dashed line.  
 
Vegetation and Nutrient Sampling and Analyses 
Vegetation. To assess plant community composition at Cedarville Bay and Mackinac 
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emergent vegetation zones in July 2015 (Figures 29 and 30). To obtain more detailed vegetation 
data along the gradient at Cedarville Bay, I re-sampled plant community composition within a 1 
m2 quadrat within each subplot in July 2016 (Figures 29 and 30). I averaged the four subplots at 
each plot. I determined plant species composition and percent cover for each sampling period at 
each wetland. I calculated Shannon-Wiener diversity index, species richness, and assessed Typha 
cover (%) with these vegetation data.  
Living biomass. To estimate the amount of above-water living biomass at Cedarville 
Bay and Mackinac Bay in 2015, I clipped the living biomass from within a 0.25 m2 quadrat 
within each plot (Figure 30). I clipped the aboveground living biomass 20 cm above the water 
surface to mimic the height at which a Loglogic Softrak wetland harvester cuts, which has been 
used in other wetland Typha harvest experiments (Chapters Two and Three) and to later compare 
to other harvested biomass estimates (Chapter Five).  
I obtained a wet-weight of each living biomass sample in the field using a garbage bag 
and a tube scale. I placed a representative subsample in separate paper bags and recorded the 
sample wet-weight. I brought the samples back to the University of Michigan Biological Station 
(UMBS) lab where I placed them in a drying oven at 60 °C for at least 48 h before recording dry-
weight. I calculated wet-weight to dry-weight ratios to estimate the average amount of dry-
weight above-water living plant biomass at each wetland.  
Sediment. To determine sediment %N and %P, I collected one sediment core from the 
center of each plot in July 2015 (Figure 30). I sampled sediment cores again in July 2016 at 
Cedarville Bay, from the center of each plot to further characterize the nutrient gradient (Figures 
29 and 30).  
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I positioned a steel sediment corer (5.08 cm diameter) over an undisturbed area and the 
coarse particulate organic matter directly above the sediment within the corer was clipped and 
included in the sample. I placed the corer directly over the sediment surface and hammered it 
into the sediment to a marked depth of 20 cm. I included roots, rhizomes, and any remaining 
plant material at the sediment surface in the sample. I carefully extracted the core and measured 
the length. Soil compaction was accounted for by measuring the length of the sediment core 
within the corer and comparing that measurement to the marked depth (20 cm) on the outside of 
the corer. The measured difference in core-to-sediment depth ranged between 4 – 6 cm. I 
determined the average compaction correction factor in the field to be 5 cm, which was added to 
each core length in order to calculate bulk density. 
If the mineral layer (clay/sand) was present in the core, I separated the core in the field 
through visual and textural assessment and determined the depth of the transition zone between 
the highly organic sediments and the mineral layer. I collected only the organic portion of the 
core and disposed of the mineral layer in the field. The organic sediment is where the most plant-
available nutrients are tied up and differs in physical and chemical composition. I immediately 
stored the organic sediment cores on ice in a cooler and transported them back to the UMBS lab. 
I dried the sediment cores in aluminum trays in a drying oven at 60 °C for at least 48 h. I 
weighed the dried sediment core in order to calculate sediment bulk density and then 
homogenized with clippers and a pestle. I ground a representative subsample (~20-30 mL) in a 
ball mill until I attained fine cohesive powder. The dried, ground sediment samples were stored 
in Ziploc bags in a cool, dark place for nutrient analyses.  
The UMBS lab analyzed the 2015 samples and I analyzed the 2016 samples at Loyola 
University Chicago (LUC) for sediment %P. To calculate %P, sediment was analyzed for total 
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phosphorus concentration (µg/L PO4
3-) using dry combustion and acid persulfate autoclave 
digestion followed by a colorimetric assay (Yokota et al., 2003). Approximately 200 mg of each 
composite sample was ignited at 550 °C for 6 h then 10 mL of acid persulfate solution was added 
to each tube and placed in the autoclave digester (130 °C at 20 PSI for 1 h). After autoclave 
digestion, the digestate was analyzed by a colorimetric assay on a Perstop Analytical 
Environmental Flow Solution Flow Injection Analyzer (FIA) (Perstop, Wilsonville, OR). I used 
the following equation to calculate dry weight %P for each plot: 
%P = µg PO4
3- L-1  x 0.010 L  x 
1,000,000 µg
1 g
 ÷ g sample  x 100% 
I analyzed each sediment sample from 2015 and 2016 for %N at LUC using a FlashEA 
1112 CHNS Elemental Analyzer. I put approximately 50 mg of each sediment sample into a 
small tin cup and placed it in the autosampler for combustion.  
I calculated the bulk density of each core by dividing the sediment dry-weight (g) by the 
sediment volume (cm3). Sediment nutrients within each plot were determined by multiplying 
bulk density (g/cm3) by %N or %P to estimate the nutrient content within the biologically active 
zone (top 20 cm) of the organic sediment layer.  
Plant Root Simulator (PRS) probes. I assessed nutrient supply rates in the sediment 
using PRS probes (Western Ag Innovations Inc., Saskatoon, Canada). PRS probes are 15 × 3 × 
0.5 cm plastic stakes with a 10 cm2 resin membrane, which consist of separate cation and anion 
probes. They attract and adsorb a suite of plant-available cations and anions which include: 
NH4+, NO3-, PO43-, K+, S, Ca2+, Mg, Mn, Al3+, Fe2+, Cu, Zn, B, Cd and Pb. PRS probes are 
typically installed for one to four weeks because the exchange membrane eventually reaches a 
level of equilibrium dependent on the relative activity in the soil (Eric Bremer, Wester Ag. 
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Innovations Inc., personal communication, May 5, 2017). PRS probes adsorb available nutrients 
from the porewater, but are influenced by burial time, ion exchange principles, and adsorption 
activity of other cations and anions in the sediment. These probes provide a temporally 
integrated representation of wetland sediment nutrient availability similar to that occurring at the 
sediment-root interface. 
 I installed one set of PRS probes (i.e., four replicate cation and anion probes) at the 
center of 10 (five emergent and five meadow) randomly selected plots at each wetland for two 
weeks in 2015. I re-sampled PRS nutrient supply rates at Cedarville Bay in 2016 to further 
establish the nutrient gradient (Figure 30). Two sets of PRS probes were installed at each of the 
plots for two weeks to capture a more detailed spatial and temporal representation of the relative 
plant nutrient availability. I installed one set of four replicate probes along the western edge of 
the plot (subplots A and C; Figure 29) and another set along the eastern edge of the plot (subplots 
B and D; Figure 29). The average of the two sets of probes in 2016 was used for each plot value. 
After two weeks, I removed the PRS probes from the sediment and cleaned them thoroughly 
with deionized water. All four pairs of probes were combined into one Ziploc bag (i.e., one 
sample) and shipped to Western Ag. Innovations Inc. where they were analyzed. I used results 
for NO3-, NH4+ and PO43- to be consistent with other nutrient parameters analyzed throughout the 
study. Results are presented as the supply rate over the period of two weeks (µg/10 cm2/2 
weeks). 
Porewater. I collected porewater samples from each plot at Cedarville Bay and 
Mackinac Bay in July 2015 (Figure 30). In July 2016 at Cedarville Bay, I created a composite 
sample of three porewater subsamples in order to minimize variability and potential “hot spots” 
at each subplot (Figures 29 and 30). I used the average of the four subplots (A-D) to provide 
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greater resolution of the porewater nutrients along the gradient at Cedarville Bay. 
Porewater sampling tubes were constructed from PVC pipe (2 cm diameter) with four 
holes drilled in the bottom and a double layer of fiberglass mesh screen attached to the bottom to 
allow for water infiltration. In 2015, I installed a porewater tube at the center of every plot to a 
depth of 10 cm for at least 48 h before sampling to allow for stabilization within the plot. In 2016 
at Cedarville Bay, I installed three porewater tubes at each of the four subplots (A-D) (Figure 29) 
and allowed them to stabilize for at least 48 h before sampling. I used Tygon tubing and a 
syringe to slowly draw the porewater sample up from the bottom of the tube. Each sample was 
transferred to a dry, acid-washed 50 mL polypropylene vial and kept in the dark and on ice until 
transported back to the UMBS lab. I immediately filtered each sample through a 0.45 µm filter 
and put the filtrate in the freezer until further analysis.  
Analyses for porewater included nitrate-N (NO3-), ammonium-N (NH4+) and 
orthophosphate (PO43-) (µg/L). Samples collected in 2015 were analyzed by the UMBS 
analytical lab using a SEAL 220 AutoAnalyzer 3 spectrophotometer (Bran + Leubbe). In 2016, I 
split each porewater sample after filtration and half were left with the UMBS lab which analyzed 
porewater PO43- using the SEAL 220 AutoAnalyzer 3 spectrophotometer (Bran + Leubbe). 2016 
porewater samples were cost-prohibited and I analyzed the remaining half of the samples at LUC 
for NH4+ using a Perstop Analytical Environmental Flow Solution FIA (Perstop, Wilsonville, 
OR). Porewater NO3- was not analyzed in 2016. 
Biomass and nutrient removal. To investigate Typha’s regrowth response and 
determine the nutrient removal potential (N and P) after a double harvest at Cedarville Bay in 
2016, I estimated the amount of biomass, litter, and tissue N and P removed after two harvests. 
To mimic the height at which a Loglogic Softrak harvester cuts, I clipped living biomass and 
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litter 20 cm above the water surface from a 1 m2 quadrat within each biomass plot in July 2016 
(Figures 29 and 30). I clipped the surrounding area (3 × 3 m) of the biomass plot to minimize 
shade and edge effects. For the second harvest, in August 2016 I re-sampled the living biomass 
regrowth from the previously cut stems and collected any new Typha stems 20 cm above the 
water. Litter was not sampled in the second harvest because no standing litter remained in the 
biomass plots.  
I obtained a wet-weight of the living biomass and litter samples separately in the field 
using a garbage bag and a tube scale. I placed a representative subsample in separate paper bags 
and recorded the subsample wet-weight. I brought the living biomass and litter subsamples back 
to the UMBS lab where I placed them in a drying oven at 60 °C for at least 48 h then recorded 
the dry-weight. I calculated wet-weight to dry-weight ratios of each subsample to estimate the 
average amount of dry-weight above-water living biomass and litter. I finely chopped and 
homogenized each sample with hand-held clippers in preparation for further processing and 
analyses of %N and %P in order to calculate potential N and P removal in the living biomass and 
litter.  
At LUC, I chose a random representative subsample of the clipped material and ran it 
through a Wiley Mill (0.841 mm screen) to grind the material into a fine powder, prior to 
nutrient analysis. To calculate %P, living biomass and litter samples were analyzed for total 
phosphorus concentration (µg/L PO43-) using acid persulfate autoclave digestion (Yokota et al., 
2003). I added 10 mL of acid persulfate solution to each tube containing approximately 50 mg of 
tissue and placed the samples in an autoclave digester (130 °C at 20 PSI for 1 h). After autoclave 
digestion, I analyzed the digestate by a colorimetric assay on a Perstop Analytical Environmental 
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Flow Solution FIA (Perstop, Wilsonville, OR). I used the following equation to calculate dry 
weight %P for each plot: 
%P = µg PO4
3- L-1  x 0.010 L  x 
1,000,000 µg
1 g
 ÷ g sample  x 100% 
I analyzed living biomass and litter samples for %N at LUC using a FlashEA 1112 
CHNS Elemental Analyzer. I put approximately 20 mg of ground tissue sample into a small tin 
cup and placed each sample in the autosampler for combustion. I multiplied each dry-weight of 
living biomass or litter by %N or %P and scaled up to kg/ha to determine tissue N and P removal 
potential at Cedarville Bay. With these N and P values, I also calculated the N:P ratios of the 
living biomass between the first and second harvests at Cedarville Bay in 2016. 
 
 
Figure 29. Layout of the four subplots (A – D) and adjacent biomass harvesting plot at each of 
























Figure 30. Cedarville Bay and Mackinac Bay 2015 and Cedarville Bay 2016 timelines for 
vegetation, nutrient, and biomass sampling. 
 
Statistical Analysis 
I used independent t-tests to compare 2015 plant community parameters and nutrient 
conditions between Cedarville Bay and Mackinac Bay (p≤0.05). I conducted simple linear 
regression analysis to examine the relationship between plant community parameters and 
nutrients with increasing distance from Pearson Creek at Cedarville Bay in 2015 and 2016 
(p≤0.05). For the 2015 data, I separated the meadow and emergent transects and conducted 
separate linear regression analyses. The 2015 PRS NO3- supply rates fell below the detection 
limit (<2 µg/10 cm2/2 weeks) in both Cedarville Bay and Mackinac Bay. To allow for statistical 
comparison of these data, values that were below the detection limit were substituted with the 
detection limit value.  In 2016, I used the average vegetation parameters and nutrients of the four 





































independent t-test to compare the N:P ratios between harvests at Cedarville Bay (p≤0.05). To 
examine the relationship between nutrient levels and Typha living biomass, I conducted simple 
linear regression analysis between nutrient parameters with increasing living biomass quantities 
for the first and second harvests at Cedarville Bay in 2016 (p≤0.05). All statistical analyses were 
performed using R Version 3.3.2 (R Core Team, 2016). Data were log transformed or inverse 
square transformed when necessary to meet the assumptions of normality and homoscedasticity.  
Results 
Comparison of Vegetation and Nutrient Characteristics Between Cedarville Bay and 
Mackinac Bay 
I found significantly higher Typha cover (p≤0.001), living biomass (p≤0.001), sediment 
N (p≤0.01), sediment P (p≤0.001), and porewater NH4+ (p≤0.01) in Cedarville Bay compared to 
Mackinac Bay (Table 17) in 2015. Mackinac Bay had higher diversity and species richness than 
Cedarville Bay, although not statistically significant (Table 17). Typha cover and living biomass 
were an order of magnitude greater at Cedarville Bay compared to Mackinac Bay (Table 17). 
Sediment P was almost five times greater and sediment N was two time greater at Cedarville Bay 









Table 17. 2015 Cedarville Bay and Mackinac Bay independent t-test results between plant 
community parameters and nutrients (n=16). Highest values are in indicated in bold. 
 
Mean df 
95% Confidence Interval 
t  P-value Sig. Diversity Lower Upper 
Cedarville Bay 0.8915       
Mackinac Bay 1.2161 29.50 -0.6647 0.0155 -1.9508 0.0606 ns 
Richness 
Cedarville Bay 5.8750       
Mackinac Bay 6.4375 26.07 -2.3209 1.1959 -0.6574 0.5167 ns 
Typha cover (%) 
Cedarville Bay 43.7500       
Mackinac Bay 0.3125 15.11 32.3107 54.5643 8.3158 5.1E-07 *** 
Living Biomass (g/m2) 
Cedarville Bay 535.9692       
Mackinac Bay 50.2250 15.11 346.9090 624.5793 7.4527 2.0E-06 *** 
Sediment N (%) 
Cedarville Bay 1.0200       
Mackinac Bay 0.4678 17.55 0.1931 0.9113 3.2368 0.0047 ** 
Sediment P (%) 
Cedarville Bay 0.0086       
Mackinac Bay 0.0018 15.83 0.0036 0.0100 4.4965 0.0004 *** 
Porewater NO3- (µg/L) 
Cedarville Bay 381.0188       
Mackinac Bay 117.1688 16.99 -124.7143 652.4143 1.4327 0.1701 ns 
Porewater NH4+ (µg/L) 
Cedarville Bay 491.8750       
Mackinac Bay 119.5000 15.30 104.8351 639.9149 2.9616 0.0095 ** 
Porewater PO43- (µg/L) 
Cedarville Bay 12.5138       
Mackinac Bay 21.1610 19.00 -35.3222 18.0276 -0.6785 0.5056 ns 
PRS NH4+ (µg/10 cm2/2 weeks) 
Cedarville Bay 5.65       
Mackinac Bay 5.46 16.78 -1.7958 2.1758 0.2021 0.8423 ns 
PRS PO43- (µg/10 cm2/2 weeks) 
Cedarville Bay 9.38       
Mackinac Bay 3.32 9.20 -1.3344 13.4544 1.8479 0.0970 ns 
Significance Levels       
‘***’ 0.001, ‘**’ 0.01, ‘*’ 0.05, ‘ns’ not significant  
 
Cedarville Bay Nutrient Gradient Relationships 
 
In the meadow zone at Cedarville Bay in 2015, I found a significant increase in diversity 
(p≤0.01), species richness (p≤0.05), sediment N and P (p≤0.05), and a significant decrease in 
Typha cover (p≤0.05), living biomass (p≤0.01), and PRS NH4+ supply rate (p≤0.05) with 
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increasing distance from Pearson Creek (Table 18; Figure 31-B). In the emergent zone in 2015, I 
found a significant decrease in PRS NH4+ supply rate (p≤0.05) with increasing distance from 
Pearson Creek (Table 19; Figure 31-B). In the emergent zone in 2016, I identified a significant 
increase in Typha cover (p≤0.05) and porewater PO43- (p≤0.05) and a significant decrease in 
living biomass (p≤0.05) and PRS PO43- supply rate (p≤0.05) (Table 20; Figure 31-C). 
Although not all trends were significant, PRS nutrient supply rates in 2015 and 2016 
generally decreased with distance from Pearson Creek, except 2015 PRS NO3- supply rate, which 


















Table 18. Results of simple linear regression analysis assessing Cedarville Bay 2015 meadow 
zone plant community measurements and nutrient parameters with increasing distance from 
Pearson Creek and associated significant relationships (+/-). 
 
df 
      
Diversity Estimate Std. Error R2 F-value P-value +/- 
Intercept 1 0.3591 0.1549     
Distance 6 0.0020 0.0004 0.8120 25.92 ** + 
Richness 
Intercept 1 3.9763 0.7774     
Distance 6 0.0060 0.0020 0.6016 9.06 * + 
Typha cover (%) 
Intercept 1 59.5524 7.9675     
Distance 6 -0.0672 0.0203 0.6468 10.99 * - 
Living Biomass (g/m2) 
Intercept 1 866.5704 103.6218     
Distance 6 -1.0581 0.2636 0.7286 16.11 ** - 
Sediment N (%) 
Intercept 1 0.4392 0.3278     
Distance 6 0.0027 0.0008 0.6442 10.87 * + 
Sediment P (%) 
Intercept 1 0.0054 0.0022     
Distance 6 1.80E-05 5.54E-06 0.6379 10.57 * + 
Porewater NO3- (µg/L) 
Intercept 1 43.4094 17.9682     
Distance 6 -0.0185 0.0457 0.0264 0.16 0.7005  
Porewater NH4+ (µg/L) 
Intercept 1 -3.73E-06 7.58E-06     
Distance 6 -3.69E-08 1.93E-08 0.3789 3.66 0.1042  
Porewater PO43- (µg/L) 
Intercept 1 5.9273 1.7856     
Distance 6 0.0035 0.0045 0.0923 0.61 0.4650  
PRS NO3- (µg/10 cm2/2 weeks) 
Intercept 1 2.0000 0.0000     
Distance 3 0.0000 0.0000 NA NA NA  
PRS NH4+ (µg/10 cm2/2 weeks) 
Intercept 1 8.4529 0.7186     
Distance 3 -0.0100 0.0019 0.9019 27.57 * - 
PRS PO43- (µg/10 cm2/2 weeks) 
Intercept 1 12.1675 3.4424     
Distance 3 -0.0170 0.0091 0.5377 3.49 0.1586  
Significance Levels       








Table 19. Results of simple linear regression analysis assessing Cedarville Bay 2015 emergent 
zone plant community measurements and nutrient parameters with increasing distance from 
Pearson Creek and associated significant relationships (+/-). 
 
df 
      
Diversity Estimate Std. Error R2 F-value P-value +/- 
Intercept 1 0.6835 0.1839     
Distance 6 0.0003 0.0005 0.0712 0.46 0.5229  
Richness 
Intercept 1 6.9414 1.1930     
Distance 6 -0.0033 0.0030 0.1702 1.23 0.3097  
Typha cover (%) 
Intercept 1 68.0234 9.6540     
Distance 6 -0.0573 0.0239 0.4892 5.75 0.0535  
Living Biomass (g/m2) 
Intercept 1 596.8768 144.9454     
Distance 6 -0.1661 0.3590 0.0345 0.21 0.6599  
Sediment N (%) 
Intercept 1 0.6827 0.0675     
Distance 6 0.0001 0.0002 0.0884 0.58 0.4745  
Sediment P (%) 
Intercept 1 -93600.31 4589.11     
Distance 6 51.39 113.92 0.0328 0.20 0.6678  
Porewater NO3- (µg/L) 
Intercept 1 1166.79 539.10     
Distance 6 -1.36 1.34 0.1473 1.04 0.3479  
Porewater NH4+ (µg/L) 
Intercept 1 204.6882 350.4537     
Distance 6 1.0520 0.8681 0.1966 1.47 0.2712  
Porewater PO43- (µg/L) 
Intercept 1 1.7168 13.3268     
Distance 6 0.0500 0.0330 0.2763 2.29 0.1809  
PRS NO3- (µg/10 cm2/2 weeks) 
Intercept 1 2.0000 0.0000     
Distance 3 0.0000 0.0000 NA NA NA  
PRS NH4+ (µg/10 cm2/2 weeks) 
Intercept 1 7.4513 0.6631     
Distance 3 -0.0062 0.0017 0.8134 13.07 * - 
PRS PO43- (µg/10 cm2/2 weeks) 
Intercept 1 18.6646 8.8180     
Distance 3 -0.0255 0.0229 0.2919 1.24 0.3470  
Significance Levels       









Table 20. Results of simple linear regression analysis assessing Cedarville Bay 2016 emergent 
zone plant community measurements and nutrient parameters with increasing distance from 
Pearson Creek and associated significant relationships (+/-). 
 
df 
      
Diversity Estimate Std. Error R2 F-value P-value +/- 
Intercept 1 1.1214 0.1214     
Distance 8 -0.0004 -0.0004 0.1883 1.86 0.2102  
Richness 
Intercept 1 8.5701 0.8365     
Distance 8 -0.0008 0.0019 0.0213 0.17 0.6975  
Typha cover (%) 
Intercept 1 13.7505 5.8746     
Distance 8 0.0378 0.0131 0.5122 8.40 * + 
Living Biomass (g/m2) 
Intercept 1 668.3896 44.8492     
Distance 8 -0.3307 0.0996 0.5796 11.03 * - 
Sediment N (%) 
Intercept 1 0.7706 0.1381     
Distance 8 9.25E-05 3.07E-04 0.0113 0.09 0.7706  
Sediment P (%) 
Intercept 1 0.0114 0.0033     
Distance 8 9.47E-06 7.37E-06 0.1712 1.65 0.2347  
Porewater NH4+ (µg/L) 
Intercept 1 1534.9661 300.1538     
Distance 8 0.1977 0.6665 0.0109 0.09 0.7744  
Porewater PO43- (µg/L) 
Intercept 1 5.8332 2.6775     
Distance 8 0.0166 0.0059 0.4920 7.75 * + 
PRS NO3- (µg/10 cm2/2 weeks) 
Intercept 1 43.9634 5.3017     
Distance 8 -0.0120 0.0118 0.1152 1.04 0.3370  
PRS NH4+ (µg/10 cm2/2 weeks) 
Intercept 1 9.4635 1.2214     
Distance 8 -0.0022 0.0027 0.0770 0.67 0.4380  
PRS PO43- (µg/10 cm2/2 weeks) 
Intercept 1 14.6109 2.9044     
Distance 8 -0.0174 0.0065 0.4760 7.27 * - 
Significance Levels       





Figure 31. Cedarville Bay 2015 meadow and emergent zones (left) and 2016 emergent zone 
(right) PRS nutrient supply rate linear regressions for A) NO3-, B) NH4+, and C) PO43- (µg/10 
cm2/2 weeks) with increasing distance from Pearson Creek. 
 
Typha’s Regrowth Response and Nutrient Removal Potential at Cedarville Bay 
 
Cedarville Bay 2016 living biomass, litter, and tissue N and P values were scaled up to 
the Typha-invaded area of the wetland (4.8 ha) to determine nutrient removal potential after a 
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Typha biomass and litter to be 83.9 kg N/ha, 6.0 kg P/ha, and 6,228.6 kg total biomass/ha (living 
biomass + litter) (Table 21). Of the total potential N and P removed with an initial single harvest, 
living biomass accounted for ~91% N and ~95% P and litter accounted for ~9% N and ~5% P. I 
determined that a second harvest (30 days after the first harvest) would remove an additional 7.5 
kg N/ha, 1.2 kg P/ha, and 447.7 kg living biomass/ha (Table 21). Therefore, a double harvest 
could remove approximately 91.4 kg N/ha, 7.2 kg P/ha, and 6676.3 kg biomass/ha (Table 21). 
Sediment N and P values were scaled up to the Typha-invaded area within the 
biologically active zone (20 cm) to estimate the nutrient content. I estimated Cedarville Bay 
sediment to contain 28,201.8 kg N (5,875.4 kg N/ha) and 539.0 kg P (112.3 kg P/ha). 
Proportionally, living biomass and litter N and P removal from the first harvest represent ~1% of 
sediment N and ~5% of sediment P. A second harvest of the living biomass in the same year 
would represent additional ~0.001% of sediment N and ~1% of sediment P. 
 
Table 21. 2016 Cedarville Bay biomass, litter, and tissue N and P removal (kg/ha) with a double 
harvest of the wetland (n=10).   
 1st Harvest 1st Harvest 
TOTAL 
2nd Harvest GRAND 
TOTAL  Living Litter Living 
N (kg/ha) 76.1 7.8 83.9 7.5 91.4 
P (kg/ha) 5.7 0.3 6.0 1.2 7.2 
Biomass (kg/ha) 5,424.7 803.9 6,228.6 447.7 6,676.3 
 
I calculated the N:P ratio of the living biomass at each harvest time and determined the 
first harvest and second harvest to have an N:P ratio of 13.7 ±1.3 and 6.1 ±0.4, respectively. The 
results from an independent t-test showed that these N:P ratios were significantly different from 




Table 22. 2016 Cedarville Bay independent t-test results between harvest N:P ratios (n=10). 
 
Mean df 
95% Confidence Interval 
t  P-value  Lower Upper 
1st Harvest 13.7      
2nd Harvest 6.1 10.5 4.6649 10.6530 5.6605 <0.001 
 
Significant linear regression relationships between nutrient parameters and increasing 
living biomass in the first and second harvests are summarized in Tables 23 and 24. I found a 
significant decrease between sediment P (p≤0.05) and porewater PO43- (p≤0.05) and increasing 
living biomass in the first harvest (Table 23). There were no significant linear relationships 
identified between nutrients and increasing living biomass in the second harvest (Table 24). 
 
Table 23. Results of simple linear regression analysis assessing Cedarville Bay 2016 emergent 
zone nutrient parameters and increasing living biomass in the first harvest and associated 
significant relationships (+/-). 
 
df 
      
Sediment N (%) Estimate Std. Error R2 F-value P-value +/- 
Intercept 1 0.4635 0.3724     
Living Biomass 8 0.0006 0.0007 0.0987 0.88 0.3766  
Sediment P (%) 
Intercept 1 0.0357 0.0071     
Living Biomass 8 -3.82E-05 1.29E-05 0.5241 8.81 * - 
Porewater NH4+ (µg/L) 
Intercept 1 1348.1864 846.9830     
Living Biomass 8 0.4831 1.5332 0.0123 0.10 0.7608  
Porewater PO43- (µg/L) 
Intercept 1 34.6595 6.8383     
Living Biomass 8 -0.0415 0.0124 0.5845 11.25 * - 
PRS NO3- (µg/10 cm2/2 weeks) 
Intercept 1 12.6649 12.6785     
Living Biomass 8 0.0493 0.0230 0.3655 4.61 0.0641  
PRS NH4+ (µg/10 cm2/2 weeks) 
Intercept 1 2.9943 2.9640     
Living Biomass 8 0.0104 0.0054 0.3183 3.74 0.0893  
PRS PO43- (µg/10 cm2/2 weeks) 
Intercept 1 -9.6600 9.3790     
Living Biomass 8 0.0325 0.0170 0.3147 3.67 0.0916  
Significance Levels       
‘***’ 0.001, ‘**’ 0.01, ‘*’ 0.05 
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Table 24. Results of simple linear regression analysis assessing Cedarville Bay 2016 emergent 
zone nutrient parameters and increasing living biomass in the second harvest and associated 
significant relationships (+/-). 
 
df 
      
Sediment N (%) Estimate Std. Error R2 F-value P-value +/- 
Intercept 1 0.9571 0.1451     
Living Biomass 8 -0.0034 0.0029 0.1487 1.40 0.2711  
Sediment P (%) 
Intercept 1 0.0028 0.0040     
Living Biomass 8 4.90E-05 7.94E-05 0.0454 0.38 0.5546  
Porewater NH4+ (µg/L) 
Intercept 1 2020.8000 299.3520     
Living Biomass 8 -9.1710 5.8960 0.2322 2.42 0.1584  
Porewater PO43- (µg/L) 
Intercept 1 14.1044 4.1786     
Living Biomass 8 -0.9440 0.0823 0.0345 0.29 0.6075  
PRS NO3- (µg/10 cm2/2 weeks) 
Intercept 1 42.4949 6.2575     
Living Biomass 8 -0.0694 0.1232 0.0381 0.32 0.5888  
PRS NH4+ (µg/10 cm2/2 weeks) 
Intercept 1 9.0220 1.4301     
Living Biomass 8 -0.0090 0.0282 0.0125 0.10 0.7581  
PRS PO43- (µg/10 cm2/2 weeks) 
Intercept 1 3.5318 4.1749     
Living Biomass 8 0.0996 0.0822 0.1550 1.47 0.2603  
Significance Levels       
‘***’ 0.001, ‘**’ 0.01, ‘*’ 0.05 
 
Discussion 
Comparison of Vegetation and Nutrient Characteristics Between Cedarville Bay and 
Mackinac Bay 
As predicted, Cedarville Bay generally had higher nutrient content, greater Typha 
dominance, and lower plant diversity and species richness compared to Mackinac Bay. It is 
evident that Cedarville Bay is influenced by the surrounding anthropogenic disturbances and 
direct nutrient input from Pearson Creek, contributing to the differences in the nutrient 
conditions and the vegetation community compared to Mackinac Bay. Not only have these 
factors promoted the establishment and further spread of invasive plants, they have created 
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localized effects within this bay area (Albert, 2003). South of the wetland where I sampled, 
nutrient levels and plant communities are similar to those within the surrounding Les Cheneaux 
Islands (Albert, 2003; Smith, 2011a), yet Cedarville Bay wetland nutrients remain relatively high 
along with the dominant presence of invasive plants such as Typha spp. and Myriophyllum 
spicatum.  
Wetlands around the Great Lakes experience natural and anthropogenic stressors with 
varying levels of impact (Hill et al., 2006; Smith et al., 2015). Human impacts in wetlands such 
as Cedarville Bay can shift plant communities into new states that may be difficult to reverse 
(Suding and Hobbs, 2009). Typha, especially, benefits from these anthropogenic effects and once 
established can further change environmental factors such as sediment nutrients through the 
decomposition and leaching of nutrients from its litter (Angeloni et al., 2006; Farrer and 
Goldberg, 2009). This internal release of nutrients may further promote Typha growth and 
dominance, with or without additional nutrient inputs (Tuchman, 2009).  
Cedarville Bay Nutrient Gradient Relationships 
Nutrient inputs entering Cedarville Bay from Pearson Creek appear to play a role in the 
wetland’s nutrient and plant community composition. Pulses of nutrients from Pearson Creek 
enter the north section of the wetland by the counter-clockwise current within the bay directs 
water south along the wetland. Nutrient-rich conditions near the mouth of the stream can impact 
plant diversity and are characterized by low species richness (Ehrenfeld, 2003; Tuchman et al., 
2009), evident in my data. High Typha cover and living biomass near the mouth of the creek was 
accompanied by low diversity and species richness, although this trend was more evident in the 
meadow zone than in the emergent zone. Although this north section near the creek outlet was 
divided into the meadow and emergent transects in 2015, it tends to exhibit emergent zone 
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characteristics – deeper water levels with low plant diversity (Albert et al., 2005), predominately 
consisting of Typha. Wet meadow species tend to withstand wet conditions, but not long-term 
flooding (Hoagman, 1998), therefore it was unlikely for me to find a more diverse plant 
community typically found in this zone (Albert, 2003).  
PRS nutrient supply rates generally showed a decreasing trend moving away from the 
stream mouth in both zones. Even though some PRS results conflict with other measured nutrient 
parameters, it is difficult to compare results between these techniques. Sediment and porewater 
nutrient levels can deviate due to spatial and temporal variation (Johnston and Brown, 2013), 
while PRS probes adsorb available nutrients from the porewater and are influenced by burial 
time and ion exchange principles and also depend on the adsorption activity of other cations and 
anions in the sediments.  
The increase in sediment N and P and porewater PO43- in the meadow zone with 
increasing distance moving away from Pearson Creek could be due to greater uptake by Typha in 
the dense growth near the mouth of the creek. Decreasing Typha cover and living biomass 
moving away from the creek outlet would lead to less N and P uptake from the sediment and 
porewater to the aboveground tissue. There could also be increased nutrients in the south section 
due to residential runoff entering the wetland.  
The connection to the open water in the emergent zone may have impacted nutrient 
levels, resulting in an undetectable gradient. Because this wetland is largely connected to the 
open water, there is a direct exchange of water with the emergent zone more so than in the 
meadow zone (Albert et al., 2005). The constant exchange between the emergent zone and open 
water could have resulted in fewer predicted linear relationships. Deeper water and constant 
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inundation in the emergent zone could also enhance the growth and expansion of Typha (Boers 
and Zedler, 2008; Bunbury-Blanchette et al., 2015), resulting in a less diverse plant community.  
Typha’s Regrowth Response and Nutrient Removal Potential at Cedarville Bay 
Without considering external inputs or outputs at Cedarville Bay, an initial harvest of the 
living biomass and litter could potentially remove ~1% of the sediment N and ~5% of the 
sediment P. Living biomass accounted for a larger fraction of the total biomass, thus resulting in 
the majority of N and P removal coming from this nutrient-rich biomass rather than the partially 
decayed litter. High water level and the interaction with the open water along the emergent zone 
of this wetland could directly affect the amount of litter by enhancing decomposition and 
shortening the amount of time that the dead stems remain standing (Vaccaro et al., 2009). Even 
though there was less nutrient removal in the second harvest, ~10% of additional N and ~21% of 
additional P could be removed in this timeframe.   
Timing of harvesting likely influenced the nutrient and biomass removal of the double 
harvest. Typha’s aboveground maximum nutrient storage occurs around mid-summer before the 
plants have reached peak biomass and begin to translocate nutrients back to belowground 
rhizomes (Davis and van der Valk, 1983; Grosshans et al., 2011). Therefore, the first harvest in 
mid-July may have captured the plant during peak aboveground nutrients. A second harvest 30 
days later removed less N and P which could be due to the short timeframe between harvests 
contributing to less biomass regrowth.  
The N:P ratio decreased substantially between harvests which could also indicate that 
Typha is trying to recuperate its loss by allocating nutrient storages, specifically more P, for new 
growth (Dubbe et al., 1988). The lower N:P ratio in the second harvest also supports the concept 
of luxury P uptake by Typha in this nutrient-rich wetland (Svengsouk and Mitsch, 2001). 
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Together, the low N:P ratio and linear relationship between living biomass and sediment P and 
porewater PO43- may indicate greater P uptake by Typha near the outlet of Pearson Creek due to 
the direct input of P and temporary resuspension of nutrients through occasional dredging within 
the bay. In other words, Typha re-growth was most stimulated near the mouth of Pearson Creek, 
where higher nutrient addition occurred. A study conducted by Woo and Zedler (2002) 
demonstrated that the addition of P enhanced the growth of Typha by 20% with the tallest plants 
exceeding 3 m, but not native graminoids. In this study, I found Typha stems in the plots closest 
to the outlet of Pearson Creek that exceeded 3.5 m. 
There is great potential to remove nutrients at Cedarville Bay through Typha harvesting, 
although the potential for Cedarville Bay to be restored to high-quality, low-nutrient conditions 
evident in Mackinac Bay is unlikely. It is possible to reduce nutrient loading to the Great Lakes 
through multiple harvests of Typha in the north section because it will likely recover quickly due 
to the input of nutrients from Pearson Creek. Plant diversity may be able to be restored along the 
south section of Cedarville Bay because it has greater plant diversity than the north section and is 
not directly receiving the nutrient-rich water from Pearson Creek.  
Restoration efforts in Typha-dominated wetlands such as Cedarville Bay should look to 
address both legacy nutrient content and other factors that may be driving plant invasions. The 
removal of Typha through harvesting would remove nutrients sequestered in the living tissue and 
litter as well as prevent leaching and decomposition of nutrients. Harvesting has proven to be an 
effective method of invasive species management by physically removing nutrients sequestered 
in the biomass (Grosshans et al., 2011; Lawrence et al., 2016) and creating space for native 






Comparing Cedarville Bay and Mackinac Bay provided insight into how these coastal 
wetlands can differ in vegetation and nutrient conditions and how anthropogenic disturbances 
can impact such valuable ecosystems. The surrounding landscape and anthropogenic 
disturbances around Cedarville Bay highly influence the vegetation community and nutrient 
conditions in this wetland. Knowing how these disturbances impact these systems illustrates the 
importance of monitoring high-quality wetlands such as Mackinac Bay to prevent the 
establishment of invasive plants and shifts in plant community composition.  
The gradient evident at Cedarville Bay suggests that the nutrient enrichment coming from 
Pearson Creek could be driving the nutrient and plant community composition changes 
throughout the wetland. The release of P into the bay may have promoted the establishment of 
Typha near the mouth of Pearson Creek, and the additional release of P into the bay may have 
favored the spread of Typha along the wetland. Harvesting Typha at Cedarville Bay had a greater 
impact on legacy P removal than N. Greater living biomass near the mouth of Pearson Creek 
could be attributed to greater P uptake. This nutrient-rich input could also allow Typha to 
recover, therefore allowing successive harvests to reduce the nutrients stored in the wetland and 
reduce nutrients released to the Great Lakes. 
Great Lakes coastal wetlands continue to be developed and fragmented which disrupts 
the natural chemical and physical environment of these systems (Uzarski et al., 2009), causing 
changes in areas such as Cedarville Bay. It is important to continue to monitor nutrient 
conditions and plant community composition in wetlands such as Cedarville Bay and Mackinac 
Bay to control and prevent further invasion. Continued monitoring could identify early invasions 
and help to restore newly invaded wetlands, preserving the remaining high-quality wetlands that 
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are pristine breeding grounds and habitats for wildlife, such as Mackinac Bay. Understanding 
specific site characteristics within Great Lakes coastal wetlands can strengthen what is already 
known about invasive plants as biological indicators. By identifying potential stressors, we can 
look for ways in which they can appropriately be addressed.  
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CHAPTER FIVE 
INVASIVE TYPHA × GLAUCA BIOMASS HARVESTING IMPLICATIONS FOR 
MANAGEMENT 
Introduction 
Increased anthropogenic disturbances around the Great Lakes region have resulted in the 
loss of approximately 70% of coastal wetlands (Detenbeck et al., 1999; Sierszen et al., 2012). 
Excess nutrients resulting from land-use changes, urbanization, agriculture, and forestry (Albert, 
2003; Albert and Minc, 2004) have also promoted the establishment and spread of non-native 
invasive plant species (Frieswyk and Zedler, 2006), which are now one of the greatest concerns 
in the Great Lakes region (Detenbeck et al., 1999). Invasive plants threaten a multitude of native 
species and the overall diversity and function of these wetlands (Woo and Zedler, 2002), leading 
to consequences for the conservation, restoration, and utilization of these ecosystems for the 
species and people that rely on them (Ehrenfeld, 2003; Smith et al., 2015).		
Invasive species management efforts should be established on a regional basis where 
sufficient knowledge of the target ecosystem exists (Detenbeck et al., 1999). Knowledge of a 
region’s history, land-use changes, species distribution, and hydrology helps managers make 
decisions regarding restoration (Byers et al., 2002). An understanding of the landscape and 
factors leading to invasion will help inform management in these degraded ecosystems 
(Galatowitsch et al., 1999), while continued monitoring is important in order to maintain the 
remaining un-invaded coastal wetlands (Tulbure and Johnston, 2010). 
Common invasive species management practices include water level management, 
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mechanical disturbances, herbiciding, and burning (MDNR, 1994). These methods can 
successfully reduce invasive plant dominance and recover plant diversity, but can also have 
unintended ecological impacts. Negative impacts have resulted from herbiciding and burning by 
reducing non-target species populations and releasing additional nutrients (MDNR, 1994; 
Findlay et al., 2003; Lawrence et al., 2016). The mechanical compaction of vegetation (i.e., 
crushing/crimping) can also leach nutrients from the remaining biomass back into the 
environment (Sojda and Solberg, 1993; Osland et al., 2001; Trama et al., 2009). Positive 
ecological impacts of harvesting (cutting and removing plant biomass) have been shown by 
physically removing nutrients sequestered in the plant biomass (Lawrence et al., 2016), reducing 
invasive plant dominance, and recovering native plant species diversity (Lishawa et al., 2015, 
Lawrence et al., 2016).  
Researchers have suggested harvesting invasive plant biomass to remove nutrients 
(Grosshans et al., 2011; Zhu et al., 2012; Boyd et al., 2015) and increase native plant diversity 
(Garver et al., 1988; Hall and Zedler, 2010; Lishawa et al., 2015). But to date, coupled invasive 
species management plans that address nutrient pollution and native plant diversity recovery are 
relatively scarce (Byers et al., 2002; Hansson et al., 2005). A holistic, ecosystem-level approach 
to coastal wetland restoration has the advantage of addressing multiple stressors to improve 
wetland diversity and function (Smith et al., 2015; Hackett et al., 2016). 
The main goal of my thesis work was to investigate the effect of harvesting invasive 
Typha × glauca (hereafter, Typha) biomass on nutrient removal potential and plant diversity 
recovery. Typha is a hybrid between the native broad-leaved cattail, T. latifolia, and the 
introduced narrow-leaved cattail, T. angustifolia (Smith, 1987) and is an emergent invasive plant 
species of concern in Great Lakes coastal wetlands. Typha’s high productivity (Smith, 1987) and 
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slow decomposition and accumulation of standing dead biomass (i.e., litter) (Larkin et al., 
2012a) suppresses the native plant community, further promoting the spread and dominance of 
Typha (Galatowitsch et al., 1999; Freyman, 2008; Vaccaro et al., 2009).  
Experimental harvesting reported in Chapters Two and Three took place in one Typha-
invaded Great Lakes coastal wetland, Cheboygan Marsh. However, it is important to be able to 
apply this knowledge on a regional scale to continue to manage invasive plants and maintain 
high-quality Great Lakes coastal wetlands. In this chapter, I integrate data from the experimental 
Typha harvesting study and Great Lakes coastal wetland nutrient and plant community data to 
provide a synthesis of likely ecosystem responses to Typha harvesting. To do so, I look at 
differences in nutrient removal and Typha's regrowth response after two harvests between a 
moderately-rich wetland (Cheboygan Marsh) and a high-nutrient wetland (Cedarville Bay). 
Understanding wetland characteristics from three Great Lakes coastal wetland study sites (Figure 
32) and using what I learned from my previous work, I aim to inform future invasive wetland 
species management decisions.  
 
 













Comparison Between a Double Harvest at Cheboygan Marsh and Cedarville Bay 
 
I determined that an initial single harvest of total biomass (living biomass + litter) at 
Cedarville Bay could remove approximately 83.9 kg N/ha, 6.0 kg P/ha, and 6,228.6 kg total 
biomass/ha (Table 21). These results were comparable to the nutrient removal estimates of an 
initial single harvest at Cheboygan Marsh in 2015, which could remove 89.1 kg N/ha, 5.5 kg 
P/ha, and 8,623.6 kg of total biomass/ha (Table 21).  
A double harvest of the total biomass at Cheboygan Marsh in 2015 could remove 98.7 kg 
N/ha, 6.4 kg P/ha, and 10,132.7 kg total biomass/ha (Table 21), while another double harvest of 
the living biomass in 2016 could remove an additional 67.7 kg N/ha, 7.1 kg P/ha, and 4,833.6 kg 
living biomass/ha (Table 21). In 2016, I estimated that a double harvest of the total biomass at 
Cedarville Bay could remove 91.4 kg N/ha, 7.2 kg P/ha, and 6,676.3 kg total biomass/ha (Table 
21).  
 
Table 25. Summary of living biomass and tissue N and P removal (kg/ha) estimates at each 
harvest period of the double harvest in 2015 and 2016 at Cheboygan Marsh (n=5) and in 2016 at 
Cedarville Bay (n=10).  









Total N (kg/ha) Living Litter Living Living Litter Living 
Cheboygan 41.2 48.2 9.3 98.7 37.2 - 30.5 67.7 
Cedarville - - - - 76.1 7.8 7.5 91.4 
P (kg/ha)  
Cheboygan 4.3 1.4 0.7 6.4 3.9 - 3.2 7.1 
Cedarville - - - - 5.7 0.3 1.2 7.2 
Biomass (kg/ha) 
Cheboygan 3154.4 6524.6 453.8 10,132.7 2811.0 - 2022.7 4,833.6 





Comparison of Great Lakes Coastal Wetland Characteristics 
 
Average baseline nutrient and plant community parameters are summarized in Table 26. 
Both Cheboygan Marsh and Cedarville Bay had relatively high nutrient levels compared to 
Mackinac Bay (Table 26). PRS nutrient supply rates and porewater nutrients were greater among 
Cedarville Bay and Cheboygan Marsh compared to Mackinac Bay. Sediment %N and %P was 
significantly greater in Cheboygan Marsh followed by Cedarville Bay, the Mackinac Bay (Table 
26). Mackinac Bay had the greatest plant diversity and species richness, although not 
significantly different with respect to Cedarville Bay (Table 26). Cedarville Bay had 
significantly greater Typha cover and living biomass than Cheboygan Marsh and Mackinac Bay 
(Table 26).  
In Cedarville Bay, greater nutrient levels and Typha dominance were concentrated 
towards the north section of the wetland near the outlet of Pearson Creek (Chapter Four). By 
dividing this wetland into “North Cedarville Bay” and “South Cedarville Bay”, I found 
significant differences in plant community composition between the two sections (Table 27). 
North Cedarville Bay had significantly greater Typha cover, living biomass, while South 
Cedarville Bay had significantly greater plant diversity (Table 27). Nutrient parameters between 
the two areas were not significantly different from one another, except NH4+ supply rate was 







Table 26. Summary of average wetland nutrient and plant community parameters sampled in 
2015 at: Cheboygan Marsh (n=20), Cedarville Bay (n=16), and Mackinac Bay (n=16). PRS 
sample number was n=10 for all sites. Note: Highest values are in indicated in bold. Different 








Diversity (H) 0.38a 0.89b 1.22b 
Species Richness 2.94a 5.88b 6.44b 
Typha (%) 23.46a 43.75b 0.31a 
Living Biomass (g/m2) 342.61a 535.97b 50.23c 
Sediment N (%) 1.65a 1.02b 0.47c 
Sediment P (%) 0.02a 0.01b 0.002c 
NO3- supply rate (µg/10 cm2/2 weeks) 2.21
a 2.00b 2.00b 
NH4+ supply rate (µg/10 cm2/2 weeks) 7.27
a 5.65a 5.46a 
PO43- supply rate (µg/10 cm2/2 weeks) 3.33
a 9.38b 3.32ab 
Porewater NO3- (µg/L) 33.55
a 381.02b 117.17ab 
Porewater NH4+ (µg/L) 317.85
a 491.88a 119.50b 
Porewater PO43- (µg/L) 30.79
a 12.51b 21.16b 
 
Table 27. Summary of average wetland nutrient and plant community parameters at Cedarville 
Bay in 2015 separated into North Cedarville Bay (n=8) and South Cedarville Bay (n=8). Note: 







Diversity (H) 0.66a 1.12b 
Species Richness 5.63a 6.13a 
Typha (%) 57.50a 30.00b 
Living Biomass (g/m2) 659.39a 412.55b 
Sediment N (%) 0.71a 1.33a 
Sediment P (%) 0.01a 0.01a 
NO3- supply rate (µg/10 cm2/2 weeks) 2.00
a 2.00a 
NH4+ supply rate (µg/10 cm2/2 weeks) 7.15
a 3.39b 
PO43- supply rate (µg/10 cm2/2 weeks) 12.77
a 4.32a 
Porewater NO3- (µg/L) 497.56
a 264.48a 
Porewater NH4+ (µg/L) 377.75
a 606.00a 
Porewater PO43- (µg/L) 8.70
a 16.33a 
 
This comparison between nutrient removal through Typha harvesting and nutrient and 
plant characteristics between different Great Lakes coastal wetlands provided insight into the 
variability of these systems within this region and the importance of considering site-specific 
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conditions when developing invasive species management goals. Cedarville Bay and Cheboygan 
Marsh are Typha-dominated sites with high nutrient levels compared to Mackinac Bay. 
Differences between sites were likely affected by surrounding anthropogenic disturbances such 
as the STP discharge into Cedarville Bay, temporary resuspension of nutrients through dredging, 
as well as the influence of the nearby WWTP and residential and agricultural runoff at 
Cheboygan Marsh. 
Using the nutrient and plant community data collected at the three wetlands, I developed 
a conceptual model to better explain how nutrient dynamics and plant diversity may respond to 
Typha harvesting over time and draw upon implications for future invasive species management 
in Great Lakes coastal wetlands (Figure 33). 
 
 
Figure 33. Conceptual model of A) current nutrient dynamics and plant community composition 
in Cheboygan Marsh, Cedarville Bay, and Mackinac Bay and B) how these wetlands may 






Harvesting for Nutrient Removal 
 
Data from both Cheboygan Marsh and Cedarville Bay demonstrated that harvesting 
would have more of an impact on P removal than N. Without considering external inputs and 
outputs, the proportion of N and P removal in a single harvest of the living tissue and litter 
represented approximately 2% of the sediment N and 14% of the sediment P at Cheboygan 
Marsh (Chapter Two) and approximately 1% of the sediment N and 5% of the sediment P at 
Cedarville Bay (Chapter Four). There was generally more nutrient removal through living 
biomass with a double harvest at Cedarville Bay compared to Cheboygan Marsh. Only 12% of 
the initial total biomass removed at Cedarville Bay was litter, versus 64% of the total biomass at 
Cheboygan Marsh. Therefore, an initial harvest in a wetland such as Cedarville Bay would be 
more efficient at removing nutrients than at Cheboygan because there is generally greater 
nutrient removal in the living biomass, less litter to be removed, and therefore less time.  
I considered Cedarville Bay to be a high-nutrient wetland and Cheboygan Marsh a 
moderately-rich wetland, yet there was not a significant difference in baseline nutrient conditions 
between the two wetlands (Figure 33-A). At Cedarville Bay, the increased nutrient input could 
stimulate greater Typha growth and uptake of these nutrients (Woo and Zedler, 2002), which 
may reflect lower baseline nutrient levels than expected in the sediment. Wetlands such as 
Cedarville Bay that are relatively connected to the open water, in which surface water may be 
exchanged multiple times a year, may result in mixing and export of nutrients from the wetland 
(Mitsch and Gosselink, 2007).  
High nutrient inputs and varying plant community composition in wetlands may offer the 
potential for different restoration goals throughout the wetland (Figures 33-A and 33-B). In areas 
such as North Cedarville Bay, multiple harvests for nutrient removal would likely be possible 
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because the nutrient-rich input could promote the quick recovery of Typha (Figure 33-B). 
Successive harvests above the water surface may be possible here to prevent Typha stems from 
being drowned out, while nutrient input would contribute to enhanced regrowth and further 
uptake of nutrients. In areas such as South Cedarville Bay, harvesting for nutrient removal may 
be less appropriate so not to impact the existing native plant community and there is less Typha 
dominance and biomass, therefore less nutrient recovery (Figure 33-B).  
My data from Cheboygan Marsh have shown that there is also the potential for nutrient 
removal through harvesting (Figure 33-B), however, further harvesting is likely necessary to 
understand how these wetland nutrient conditions will change over time (Chapter Two). 
Hydrologic variability over the duration of this study also seemed to influence wetland nutrient 
conditions and Typha’s regrowth, therefore, nutrient removal in wetlands such as Cheboygan 
Marsh may depend on Typha’s response to harvesting and changing environmental factors. 
Management of P in the Great Lakes region is the best tool for reducing the impacts of 
nutrient enrichment (Dove and Chapra, 2015). Recovering P through harvesting decreases the 
potential for eutrophication, thus contributing to improved water quality. Removal of P through 
repeated harvests over time could create P-limited conditions which could limit the growth of 
Typha and lead to changes in primary productivity and species composition (Tilman et al., 
1982). This removal of nutrient-rich biomass can also provide a local source of agricultural 
fertilizer, potentially reducing costs, increasing crop yields, and contributing to food security 
(Mayer et al., 2016).  
Harvesting for Plant Diversity Recovery 
The semi-annual pulse of nutrients entering North Cedarville Bay every year, would 
likely allow for multiple harvests for nutrient removal, but may not necessarily eradicate Typha 
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and recover plant diversity (Figure 33-B). Even if we could remove all of the P here, it is not 
clear if we could shift the wetland to a more diverse plant community due to Typha’s competitive 
ability, making it impossible to eradicate regardless of nutrient levels. If harvesting were to 
eliminate Typha in this area, opening up this nutrient-rich area may allow the opportunity for 
other invasive plants (Detenbeck et al., 1999), such as Myriophyllum spicatum which is already 
present in the bay, to establish and dominate the area. However, South Cedarville Bay has 
greater extant plant diversity and less Typha dominance, so there is likely greater potential for 
harvesting to restore native plant diversity than to remove nutrients (Figure 33-B). In areas with 
less invasive plant dominance and an existing level of plant diversity such as South Cedarville 
Bay, it is crucial to reduce invasive dominance while minimizing the impact on the existing plant 
community (Byun et al., 2013). It is likely that there is a viable native seedbank and harvesting 
would open up this area allowing native plants to germinate.  
My data from Cheboygan Marsh have shown that further harvesting is likely necessary to 
measurably recover plant diversity within the wetland (Chapter Three). Also, varying water 
levels appeared to overwhelm effects of plant diversity recovery over the duration of this study. 
However, a recent study at Cheboygan Marsh demonstrated that harvesting at the sediment 
surface reduced Typha dominance and increased plant species recovery (Lishawa et al., 2015), 
indicating that there is a viable seedbank and the possibility to restore the native plant 
community (Figure 33-B). Again, changing environmental factors will influence plant diversity 
recovery in wetlands such as Cheboygan Marsh and time between harvests may have to be 
determined on an annual basis based on how well the plant community re-establishes itself.  
The ultimate goals of harvesting at Cedarville Bay and Cheboygan Marsh would be to 
restore the nutrient and plant community characteristics so that they are similar to those in the 
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Mackinac Bay reference wetland. Overall, my results indicate the potential for harvesting to 
contribute to various degrees of restoration within Cedarville Bay and Cheboygan Marsh, but it 
is highly unlikely that either of these wetlands could be fully restored to the conditions evident at 
Mackinac Bay through harvesting alone.  
Potential Obstacles to Restoration through Biomass Harvesting 
It is possible that some of these degraded wetlands are resilient to restoration efforts and 
may have breached an “invasion threshold” where restoration becomes impossible or impractical 
(Zedler, 2000; Byers et al., 2002; Levine et al., 2003; Suding et al., 2004). Long-term, large-
scale invasions are further enhanced by anthropogenic disturbances, causing a shift in ecosystem 
threshold dynamics (Suding and Hobbs, 2009) which are sometimes irreversible (Galatowitsch et 
al., 1999). In a site that has been invaded for a long time such as Cheboygan Marsh, a significant 
decrease in nutrient levels may be necessary before we will see any persistent changes in plant 
diversity (dotted line indicated in Figure 33-B) (Woo and Zedler, 2002). This may take a great 
deal of time and result in high costs.  
 It is important for managers to consider threshold levels as degraded wetlands may have 
reached an alternative stable state that is resistant to restoration efforts or requires more intensive 
management (Suding et al., 2004). The persistence of invasive plants in wetlands and their 
ability to alter ecosystem processes such as primary production, decomposition (Davis and van 
der Valk, 1983), nutrient cycling (Ehrenfeld, 2003) and hydrology (Levine et al., 2003) may 
have caused significant changes to the environment that are irreversible. Incorporating invasion 
thresholds and alternative stable states into invasive species restoration approaches will help 
managers understand how these ecosystem responses to restoration are successful or 
unsuccessful (Zedler, 2009). 
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It is also important to monitor high-quality wetlands when considering the future of 
invasive species management in order to maintain the remaining non-invaded wetlands within 
the Great Lakes region. If Typha were to invade a high-quality wetland, selective harvesting in 
the newly invaded stands would likely be successful because of the low Typha abundance, 
allowing the existing native plant community to re-establish (Tuchman et al., 2009; Mitchell et 
al., 2011; Lishawa et al., 2017). Selective herbicide application would also be a useful 
management tool on small-scale newly established invasions to reduce Typha abundance and 
increase light penetration (Lawrence et al., 2016). Careful consideration by managers should be 
used to determine the appropriate management method and the potential outcomes that may 
result. 
Harvesting invasive plants presents managers with many unique challenges when it 
comes to invasive species management, and they should incorporate on-going site maintenance 
into restoration plans in order to prevent re-invasion. Re-invasion is a common problem during 
periods of low water level (Frieswyk and Zedler, 2006) and where vegetation removal has 
occurred because open areas provide an opportunistic space for invasive plants to establish 
(Detenbeck et al., 1999; Galatowitsch et al., 1999). Also, invasive species such as Typha do not 
always require nutrient-rich conditions in order to establish (Boers et al., 2007; Tuchman et al., 
2009). Therefore, nutrient removal through harvesting may not always be an ideal solution for 
restoring some wetlands. 
Managers should also consider utilization of biomass as there will be a lot of nutrient-rich 
biomass remaining after harvesting. Harvesting invasive plants for bioenergy production is being 
considered by managers because of its high productivity and nutrient content (Dubbe et al., 
1988; Grosshans et al., 2011). Typha spp. biomass, for example, can be used in anaerobic 
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digesters for biogas production or made into pellets for pellet stoves, while the post-combustion 
ash can be used as an agricultural fertilizer high in potassium and phosphorus (Grosshans et al., 
2015). The biomass could also be directly applied to agricultural fields to supply nutrients and an 
organic substrate. The commercial potential of invasive plants as a bioenergy source should 
contribute to a cost-benefit analysis of harvesting. 
Harvesting invasive species can contribute to various management goals and key 
conservation actions taking place in the Great Lakes region. This research helps inform local 
land and water management plans to manage priority invasive species, address ecosystems 
susceptible to invasion, detect early invasions, and restore, manage, and protect Great Lakes 
coastal wetlands (Derosier et al., 2015). Harvesting can even have implications other than just 
the Great Lakes region to control invasive species, remove nutrients, and recover plant species 
diversity (Dove and Chapra, 2015). 
Conclusion 
Harvesting as an invasive species management method in Great Lakes coastal wetlands 
can provide environmental and economic benefits. Harvesting contributes to improved water 
quality by minimizing the effects of eutrophication within the Great Lakes and on the overall 
economic value of P recovery. Harvesting can provide multiple ecosystem benefits such as 
nutrient removal and plant diversity recovery, yet the outcomes may vary depending on the 
surrounding landscape, wetland characteristics, and environmental conditions. These ecosystem 
benefits contribute to improved wetland ecosystem services such as water quality maintenance, 
flood mitigation, biodiversity habitat, and carbon sequestration. Observing general patterns 
within different wetlands increases our understanding of factors that may benefit or harm 
ecosystems and what restoration treatment is most appropriate for particular wetlands. 
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Harvesting offers managers another method of invasive species management along with 
mechanical disturbances, water level management, herbiciding, and burning, which have been 
more commonly used in the Great Lakes region. Managers are faced with many challenges when 
it comes to invasive plants in Great Lakes coastal wetlands. Long-term harvesting coupled with 
other management efforts may be needed to restore these wetlands to their desired state. 
Management decisions may depend on time, money, wetland heterogeneity, Typha’s response to 
harvesting, invasion thresholds, potential re-invasion, and environmental factors, which could all 
influence the restoration outcomes. Managers should focus on areas of critical concern and 
continue to monitor uninvaded wetlands for the chance to address potential invaders early on.  



































Sedges Carex aquatilis 
Sedges Carex gynandra 
Sedges Carex hystericina 
Sedges Carex lacustris 
Sedges Carex lasiocarpa 
Sedges Carex pseudo-cyperus 
Sedges Carex stricta 
Sedges Carex vulpinoidea 
Sedges Carex spp. 
Rushes Juncus balticus 
Rushes Juncus alpinoarticulatus 
Rushes Juncus spp. 
Rushes Shoenoplectus acutus 
Rushes Shoenoplectus pungens 
Rushes Eleocharis palustris 
Grasses Calamagrostis Canadensis 
Grasses Phalaris arundinacea 
Typha  Typha × glauca 
Typha Typha angustifolia 
Typha Typha latifolia 
 Submersed Aquatics Potamogeton alpinus 
 Submersed Aquatics Potamogeton gramineus 
 Submersed Aquatics Potamogeton spp. 
 Submersed Aquatics Lemna minor 
 Submersed Aquatics Lemna trisulca 
 Submersed Aquatics Lemna spp. 
 Submersed Aquatics Utricularia intermedia 
 Submersed Aquatics Utricularia minor 
 Submersed Aquatics Utricularia vulgaris 
 Submersed Aquatics Riccia natans 
 Submersed Aquatics Riccia fluitans 
 Submersed Aquatics Ceratophyllum demersum 
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 Forbs Lysimachia thyrsiflora 
 Forbs Campanula aparinoides 
 Forbs Cicuta bulbifera 
 Forbs Equisetum arvense 
 Forbs Equisetum fluviatile 
 Forbs Galium trifidum 
 Forbs Impatiens capensis 
 Forbs Lathyrus palustris 
 Forbs Lycopus americanus 
 Forbs Lycopus uniflorus 
 Forbs Lysimachia terrestris 
 Forbs Mentha arvensis 
 Forbs Persicaria amphibia 
 Forbs Persicaria spp. 
 Forbs Polygonum spp. 
 Forbs Rorippa palustris 
 Forbs Scutellaria galericulata 
 Forbs Sium suave 
 Forbs Thelypteris palustris 
 Forbs Ranunculus sceleratus 
 Forbs Aster puniceus 
 Forbs Aster spp. 
 Forbs Epilobium spp. 
 Forbs Eupatorium perfoliatum 
 Forbs Onoclea sensibilis 
 Forbs Rumex crispus 
 Forbs Solanum dulcamara 
 Forbs Ranunculus spp. 
 Woody Acer negundo 
 Woody Acer spp. 
 Woody Fraxinus pennsylvanica 
 Woody Fraxinus spp. 
 Woody Corylus spp. 
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